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Abstract 
Septic systems are often cited as an important source of nutrient loading to surface waters; 
however, there is limited quantitative evidence supporting this. To address phosphorus (P) load 
reduction targets for Lake Erie that were set by the Canadian and United States governments, 
there is a need to quantify the contribution of septic systems to P tributary loads. Doing so is 
challenging due to the diffuse nature of this nonpoint source, the lack of septic system 
inventory across Ontario, and the complexity of P transport in the environment. In this study, 
the artificial sweetener acesulfame, a tracer for human wastewater, is first used to evaluate how 
much septic effluent is reaching tributaries in three unserviced subwatersheds. Based on the 
acesulfame stream loads, it is estimated that between 5 and24% of septic effluent generated in 
the subwatersheds reaches the tributary. Higher acesulfame stream loads during event flow 
conditions indicates effluent inputs from failing septic systems. Data indicate that septic 
systems may account for up to 16% of total subwatershed P loads but represent a small 
percentage (~2%) of nitrate (NO3-N) loads. These findings were then applied in the 
development of a geospatial model to estimate P loads from septic systems to tributaries in the 
Ontario Lake Erie Basin. The geospatial model has two components: (i) a module for 
automated spatial placement of septic systems, and (ii) a module for estimating P loads from 
septic systems to tributaries. Model results indicate that septic systems may account for only 
1-5% of the total P load to Lake Erie from Canadian tributaries. However, considering the slow 
transport of P between septic systems and the tributary, transient model results suggest that 
septic systems could account for as much as 21% of the total tributary P loads in the future. 
The findings of this thesis provide broadly applicable knowledge and methodology needed to 
quantify the contribution of septic systems to tributary nutrient loads and can be used to inform 
the development of septic system regulations in the Ontario Lake Erie Basin.  
Keywords 
Septic system, phosphorus, nutrients, artificial sweeteners, groundwater, geospatial model, 
inland waters  
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Chapter 1  
1 Introduction  
1.1 Research Background  
Deteriorating water quality and the proliferation of nuisance and harmful algal blooms in 
the Laurentian Great Lakes, particularly in Lake Erie, are of considerable concern 
(DeFlorio-Barker et al., 2018; Jarvie et al., 2017; Jarvis, 2014). Algal blooms have serious 
ecological and economic consequences for the Great Lakes, as well as other inland waters 
worldwide (e.g., Hiscock et al., 2003; Domagalski and Johnson 2011; Nyenje et al., 2014; 
Richards et al., 2016). The cause of these algal blooms is mainly attributed to increased 
nutrient loadings (particularly phosphorus (P)) in conjunction with rising temperatures 
(Jarvis, 2014; Watson et al., 2016). Reducing nutrient loads to inland waters, including the 
Great Lakes, is challenging due to high load contributions from diffuse sources. As a result, 
identification of the various contributing sources of nutrients and the pathways by which 
they are delivered to surface waters is critical to the development of effective nutrient 
reduction management strategies.  
In recognition of the urgent need to decrease P loading to surface waters in the Lake Erie 
Basin, the Canadian and U.S. governments recently committed to a 40% reduction in total 
phosphorus (TP) and soluble reactive phosphorus (SRP; readily bio-available P fraction) 
loads to the western and central Lake Erie Basin by 2025 (from 2008 levels; Environment 
and Climate Change Canada and Ontario Ministry of the Environment and Climate 
Change, 2018; USEPA, 2016). Meeting these targets will be challenging due to the 
widespread use of P across the Basin, legacy P that has accumulated across the landscape 
over the last decades, as well as the complex transport and reactive behavior of P in the 
environment. Despite large investments that have focused on reducing P from agriculture 
and wastewater treatment plants in the Great Lakes Basin over the last few decades, SRP 
loads to Lake Erie continue to increase (Jarvie et al., 2017; Maccoux et al., 2016; Stammler 
et al., 2017). SRP is the main form of P in groundwater and as such the groundwater 
pathway may be an important contributor to the increasing SRP tributary loads. To move 
2 
 
towards addressing the TP and SRP load reduction targets for Lake Erie, it is essential that 
effective P management practices be implemented that are based on strong scientific 
understanding of all major P sources and transport pathways.  
Numerous studies have linked on-site sewage disposal, specifically septic systems, to 
surface water quality impairments (e.g., Withers et al., 2014; Roy et al., 2017; Hanchar 
1991; Schaider et al., 2016; Mechtensimer and Toor 2017). Although septic systems are 
often cited as an important source of nutrient to tributaries, the contribution of this source 
to tributary nutrient loads remains poorly quantified. In addition to nutrients, septic systems 
may also be an important source of emerging contaminants of concern (e.g., 
pharmaceuticals (antibiotics, hormones, analgesics), and personal care products 
(stimulants)) (James et al., 2016; McCance et al., 2018). There is an urgent need to better 
quantify the contribution of septic systems to pollutant tributary loads considering that the 
number of septic systems in Great Lakes Basin is increasing, with approximately 25,000 
new or replacement septic systems installed annually in Ontario (Council of Canadian 
Academies, 2009). Further, it is estimated that 20% of septic systems are poorly performing 
or failing leading to excessive pollutant, including nutrient loading into the subsurface due 
to poor design and maintenance, and inappropriate site conditions (Council of Canadian 
Academies, 2009; International Joint Commission, 2014).  
It is challenging to quantify nutrient loadings from septic systems to tributaries as septic-
derived nutrient inputs to tributaries are diffuse and are often overwhelmed by other 
nutrient sources such as fertilizer or animal waste associated with agricultural land-use. In 
addition, it is difficult to estimate loading of septic-derived nutrients to tributaries due to 
complex behavior of nutrients, particularly P, as they are transported between the septic 
system and receiving tributary. For instance, for septic effluent that infiltrates into the 
subsurface, the behavior of nutrients in the subsurface is extremely complex, particularly 
in the vadose zone and near the groundwater-surface water interface (Lewandowski et al., 
2015). While it is often thought that P is not overly mobile in the subsurface due to P 
adsorption and precipitation reactions, an increasing number of studies are demonstrating 
that P can be mobile in the subsurface in certain hydrogeological and geochemical settings 
(e.g., calcareous sediments, coarse grain sediment, neutral pH) (Robertson et al., 1998; 
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Robertson, 2008; Robertson et al., 2019; Spiteri et al., 2007; Zanini et al., 1998). As such, 
P may be transported from septic systems via groundwater flow to tributaries (Robertson 
et al., 2019). Partly as a result of the simplified notion that P is not mobile in the subsurface, 
there are limited tools currently available to estimate P loading from septic systems to 
tributaries at a watershed or basin scale.  
1.2 Research Objectives  
The overall objective of this thesis is to improve understanding of the contribution of septic 
systems to tributary nutrient loads. The thesis focuses on the Ontario Lake Erie Basin in 
response to the urgent need to reduce P loads to Lake Erie to meet government targets. This 
thesis is divided into three sub-objectives: 
1) Quantify how much effluent released from septic systems actually reaches tributaries 
and how this amount varies spatially and temporally.  
2) Estimate the contribution of septic systems to tributary nutrient loads by considering the 
amount of septic effluent that reaches the tributary. 
3) Develop and apply a geospatial modeling tool to estimate P loads from septic systems 
to tributaries across the Ontario Lake Erie Basin.  
The findings of this research are broadly applicable to other tributary, lacustrine, and 
coastal environments where septic systems are used for wastewater treatment.  
1.3 Thesis Outline  
This thesis is written in “Integrated Article Format.” A brief description of each chapter is 
presented below. 
Chapter 1: Introduces the research background and states the research objectives.  
Chapter 2: Reviews relevant work related to the P in the environment including down-
gradient of septic systems. The Chapter also reviews field and modeling approaches that 
have been used to quantify inputs from septic systems to surface waters.  
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Chapter 3: Details field work and data analysis conducted to quantify septic-derived inputs 
to tributaries in three subwatersheds in the Ontario Lake Erie Basin. The conservative 
artificial sweetener acesulfame is used as a tracer to quantify septic-derived inputs to the 
tributaries in the three subwatersheds that are not serviced by a centralized wastewater 
treatment facility. Factors contributing to spatial and temporal variability in septic effluent 
inputs to the tributaries are identified.  
Chapter 4: Details the development, testing and application of a geospatial model to 
estimate P loads from septic systems to tributaries. The model is first developed and applied 
to three subwatersheds before being applied across the Ontario Lake Erie Basin. The model 
has two parts: a module to automatically locate septic systems across the Ontario Lake Erie 
Basin, and a module to estimate P loads to tributaries based on the spatial placement of 
septic systems. Different methodologies are used to calculate P loads from septic systems 
to tributaries to provide a range of P loading estimates.  
Chapter 5: Summarizes research findings and provides recommendations for future work. 
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Chapter 2  
2 Literature Review  
This chapter reviews previous research relevant to understanding the contribution of septic 
systems to nutrient loading, particularly phosphorus (P) loading, to tributaries. Excessive 
P loadings to inland waters can lead to eutrophic conditions, the formation of nuisance and 
harmful algal blooms, and in some cases hypoxic conditions. In recent years excessive P 
loading and proliferation of nuisance and harmful algal blooms in the Laurentian Great 
Lakes, and in particular in the western and central basins of Lake Erie, have been of 
considerable concern (DeFlorio-Barker et al., 2018; Jarvis, 2014). Algal blooms have 
major environmental, ecological, and economic consequences for the Great Lakes, as well 
as other inland waters worldwide (e.g., Halfar et al., 2008; Michalak et al., 2013; Jarvis 
2014; Bingham et al., 2015; Watson et al., 2016; Le Moal et al., 2019). Economic losses 
caused by algal blooms are associated with, for instance, reduced tourism and recreational 
opportunities, blockages of municipal and industrial water intakes, and loss of fisheries. 
Algal blooms in Lake Erie are estimated to cost CAD $8.5 billion in economic (CAD $4.7 
billion) and ecosystem (CAD $3.8 billion) damages (Smith and McDougal, 2017).  
Elevated P loads to the Great Lakes are generally thought to be associated with widespread 
application of fertilizers (inorganic fertilizers and manure) on agricultural lands, and 
discharge from wastewater treatment plants (WWTPs) (Environment and Climate Change 
Canada et al., 2017; Ontario Ministry of the Environment and Climate Change, 2018). To 
date, considerable efforts have focused on improving WWTP technologies to reduce 
nutrient effluent concentrations (Phosphorous Reduction Task Force, 2012). Additionally, 
agricultural nutrient strategies have been extensively reviewed in recent years, resulting in 
the development and implementation of numerous conservation management practices 
targeted at reducing nutrient run-off from agricultural land to tributaries (e.g., Gérard-
Marchant et al., 2005; Ontario Ministry of the Environment and Climate Change, 2018; 
Sharpley, 2001). While total P (TP; particulate and soluble P) loads to Lake Erie have 
decreased in recent years due to these efforts, soluble reactive phosphorus (SRP; 
bioavailable form of P) loads to Lake Erie continue to increase (Jarvie et al., 2017). The 
continued increase in SRP loads to Lake Erie despite efforts indicates the potential 
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importance of other P sources in contributing to the elevated SRP loads. SRP is the main 
form of P in groundwater and water quality trends indicate SRP is a high percentage of the 
TP in streams during baseflow conditions (Heidelberg College, 2010). The increasing SRP 
loads to Lake Erie despite TP loads decreasing suggests that pathways such as the 
groundwater pathway may be important in delivering P to tributaries. Sources associated 
with the groundwater pathway include, for example, septic systems, leaky sewers, and 
agriculture (Robinson, 2015).  
The contribution of septic systems to nutrient loading to inland waters, including to 
tributaries in the Lake Erie Basin is poorly understood. It is estimated that the number of 
septic systems in Ontario is increasing by approximately 25,000 new or replacement 
installations yearly (Council of Canadian Academies, 2009). Further, it is estimated that 
20% of all septic systems are failing leading to excessive nutrient inputs into the subsurface 
due to poor design, poor maintenance, and/or inappropriate site conditions (Council of 
Canadian Academies, 2009; International Joint Commission, 2011). Additionally, septic 
systems may be an important source of various emerging contaminants of concern 
including pharmaceuticals and personal care products (Conn et al., 2006; Council of 
Canadian Academies, 2009; Godfrey et al., 2007; M. G. Lusk et al., 2017; McCance et al., 
2018; Shala and Foster, 2010). In fact, it has been reported that some emerging 
contaminants have higher concentrations in septic tank effluent than in treated effluent 
from WWTPs (Conn et al., 2006; Godfrey et al., 2007; M. G. Lusk et al., 2017). However, 
quantifying the contribution of septic systems to nutrient and contaminant loading is 
challenging as often the actual number and distribution of septic systems across a 
watershed is not documented and the behavior of septic effluent nutrients and contaminants 
in the environment is complex.  
This chapter summarizes current understanding on the behavior of P in the environment, 
prior studies that have evaluated nutrient and contaminant loadings from septic systems, 
and current models that have been developed to estimate nutrient loadings from septic 
systems to tributaries. 
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2.1  Phosphorus in the Environment  
2.1.1 Natural Occurrence  
P is a naturally occurring nutrient that is essential for life (Robertson et al., 1998). P is often 
the limiting nutrient in fresh surface waters with P concentrations ≥ 0.02 mg/l reported to 
stimulate excessive algal growth (Lusk et al., 2011; Robertson et al., 1998). P can be found 
in certain rock formations, specifically limestone, karst, and carbonates from the 
degradation of biota. All these rock formations are abundant in the surficial and bedrock 
geology of the Lake Erie Basin due to the deposition of calcareous skeletons of marine 
creatures when Ontario was flooded by shallow, tropical seas in the Cambrian and 
Devonian eras (Frizzel et al., 2011; Singer et al., 2003).  
2.1.2 Chemical Nature  
P exists in the environment as either inorganic or organic P, which can be classified further 
into particulate or soluble forms (Figure 2-1). Inorganic soluble P or orthophosphate (i.e. 
PO4-P; HxPO4
y), typically referred to as soluble reactive phosphate (SRP), is the primary 
form of P in groundwater and is the main form taken up by aquatic biota. As the bio-
available form of P, SRP is often the focus of efforts targeted at reducing algal blooms. 
Other forms of P can be transformed to SRP through biological processes such as microbial 
respiration, hydrolysis, or plant uptake and decomposition (Basta and Dayton, 2007; Spiteri 
et al., 2008) (Figure 2-2). As P has a high tendency to interact with solid phases through 
adsorption and mineralization processes, it is often thought that P is not overly mobile in 
the subsurface. However, recent studies have shown that P can be mobile in the subsurface 
under certain hydrologic and geochemical conditions, even with a high retardation factor 
(Lusk et al., 2011; Mechtensimer and Toor, 2017; Robertson et al., 2016; Robertson et al., 
2019). 
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Figure 2-1: Main chemical forms of P. 
2.1.3 Reactivity in the Subsurface 
2.1.3.1 Within the Unsaturated Zone  
P is attenuated in the unsaturated zone by two main processes. Firstly, fast adsorption of 
PO4-P onto cations and other positively charged materials (Al, Fe(III), and Mn(IV)) 
(oxy)hydroxides, calcite, clay particles) and secondly by the slower precipitation of PO4-P 
minerals (Robertson, 2008; Spiteri et al., 2007; Wilhelm et al., 1994). Adsorption of PO4-
P to mineral surfaces including metal oxides (i.e. Al, Fe(III), and Mn(IV) (oxy)hydroxides), 
calcite, and clay particles can account for a major component of P retardation in the 
unsaturated zone (Gill et al., 2009; Robertson et al., 2013; Robertson, 2003; Robertson et 
al., 2019; Roy et al., 2017). PO4-P adsorption is generally considered to be a reversible 
process (i.e., PO4-P transport is retarded rather than PO4-P being permanently attenuated 
and bound to soil grains), although some studies suggest that a fraction of the sorbed PO4-
P may be irreversibly sorbed (Robertson, 2008). PO4-P removal through sorption depends 
on the amount of sorbing phase available and the sorption capacity of the sorbing phase 
(Spiteri et al., 2007). The sorption capacity is a function of the PO4-P loading history, clay 
content and soil type, organic matter content, presence of cations (Al, Fe(III), Mn(IV)) and 
associated metal (oxy)hydroxides, and the pH and redox conditions (Hansen et al., 2002). 
Additionally, finer grained soils may have a higher sorption capacity and thus affinity for 
PO4-P sorption because of a greater surface area and more surface sites (Lusk et al., 2011; 
McCray et al., 2005; Regensburger et al., 2010; Robertson, 2008). High long-term P 
loading to the subsurface, particularly to sediment with low sorption capacity (i.e., sands 
with low clay or metal (oxy)hydroxide content) may exceed the finite sorption capacity for 
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PO4-P and therefore lead to limited attenuation of PO4-P in the subsurface (Wilhelm et al., 
1994). Further, relatively poor PO4-P attenuation may occur in unsaturated zones that are 
heavily fractionated or dominated by macropore flow, as flow may bypass the soil matrix 
in these conditions (Holman et al., 2010).  
 
Figure 2-2: Phosphorus cycling in the unsaturated zone. Adapted from Basta and 
Dayton (2007). 
Attenuation of P in the unsaturated zone is strongly controlled by the pH and the degree of 
calcareousness of the soil (Lusk et al., 2011), which are not mutually exclusive parameters. 
PO4-P mineral precipitation is generally greater in acidic conditions (Robertson et al., 
1998; Zanini et al., 1998). These conditions promote the dissolution of Fe(III) and Al 
(oxy)hydroxides, which increase dissolved Fe(III) and Al(III) concentrations and thus 
promote precipitation of Fe- and Al-PO4 minerals (i.e., strengite (FePO4·2H2O), vivianite 
(Fe3(PO4)2·8H2O), and variscite (AlPO4·2H2O). Precipitation of these PO4-P minerals can 
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lead to more permanent immobilization of PO4-P in the unsaturated zone. Low pH 
conditions occur most readily in noncalcareous soils (< 1% weight CaCO3 equivalent). 
Conversely, calcareous soil with greater buffering capacity are able to maintain near neutral 
pH levels where precipitation of PO4-P does not readily occur, thus resulting in less P 
attenuation of PO4-P minerals in the unsaturated zone. At near neutral pH, PO4-P is often 
only moderately attenuated through the formation of Mn- and Ca-PO4 minerals (i.e., 
hydroxyapatite (Ca5(PO4)3OH)) (Spiteri et al., 2007; Zanini et al., 1998).  
2.1.3.2 Within the Saturated Zone  
Once P is transported through the unsaturated zone to the saturated zone, PO4-P 
mineralization reactions are considered to be less important and reversible sorption 
reactions are thought to control the rate of P transport (Lusk et al., 2011; Mechtensimer 
and Toor, 2017; Robertson, 2008). Robertson et al., (1998) found P transport in the 
saturated zone was limited in silt- and clay-rich soils due to high P attenuation combined 
with slower groundwater velocities. P transport was found to be higher in more permeable 
sand- and gravel-rich soils with P transport found to range from 1 – 2 m/yr regardless of 
the groundwater flow velocity. Extensive field research of PO4-P mobility and persistence 
in subsurface septic plumes conducted by Robertson et al., (1998, 2016, 2019, Robertson 
2003, 2008) has found that P-enriched ground water plumes migrate in calcareous soils at 
a sufficient rate (1 – 2m/yr) to be of concern over long time periods. The influence of 
sediment composition and geochemical conditions on P transport in septic plumes is 
discussed further in Section 2.2.3. 
2.2 Septic Systems  
2.2.1 Usage in Ontario  
Septic systems are onsite wastewater treatment units that are used in areas not serviced by 
centralized WWTPs. Usage of septic systems in Ontario began in the 1920s; however, the 
adoption of usage among farmers and rural communities did not occur until the 1940s 
onwards (Rutty and Sullivan, 2010). It is estimated that 20% of septic systems fail, yet in 
Ontario, 25,000 new or replacement systems are installed annually (Council of Canadian 
Academies, 2009). Septic systems are regulated locally with monitoring and maintenance 
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requirements dependent on municipality regulations. Additionally, federally regulated 
lands (i.e., First Nations reserves, national parks, military bases, prisons) have no specific 
water regulations and therefore no septic system regulations (Council of Canadian 
Academies, 2009). Septic systems have a lifespan of approximately 15 - 40 years 
(Davidson et al., 2010).  
Septic tanks used to be constructed with steel, cinderblocks, or poured-in-place concrete 
and typically only had one compartment (Davidson et al., 2010). However, septic tanks 
installed more recently are either pre-fabricated concrete or plastic with a leaching bed 
comprised of plastic pipes. Since the mid-1970s septic tanks are required to have two 
compartments. While older features do not imply that a septic system is failing or 
malfunctioning, these older systems may not be performing as well as more recently 
installed systems (Davidson et al., 2010). Most rural homes in Ontario use a Class 4 septic 
system as recommended in the Ontario Building Code. A Class 4 septic system uses a 
septic tank that drains into a leaching bed (also referred to as a septic tile bed or drainage 
bed; Figure 2-3).  
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Figure 2-3: General schematic of a Class 4 septic system including tank and leaching 
(drainage) bed in relation to the household, groundwater wells, and the water table 
(Davidson et al., 2010). 
2.2.2 How a Septic System Works 
All household wastewater flows into the septic tank through an influent pipe (Figure 2-4). 
In the first compartment of the septic tank, solid waste settles to the bottom of the tank, 
whilst lighter materials such as fats and oils float to the top and form a scum layer. An 
influent baffle pipe and effluent filter prevent solids and scum from escaping the tank and 
clogging pipes. The scum layer is removed during septic system maintenance, which 
should be performed every three to five years by a sewage professional. Finer particles 
settle in the second compartment of the tank and trapped organic material breaks down and 
decomposes in the tank under anaerobic conditions. Over time (effluent inflow rate 
depending) the treated wastewater is slowly discharged through a pipe system into a 
leaching bed / drainage field. The effluent filter reduces the amount of organic material 
that is discharged to the leaching bed; however, effluent filters only became mandatory in 
Ontario in 2007 (Davidson et al., 2010).  
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Figure 2-4: General schematic of a Class 4 septic tank (Davidson et al., 2010). 
Effluent from the septic tank flows to the leaching bed via gravity or a pump depending on 
site conditions (Davidson et al., 2010). These pipes disperse effluent into the subsurface, 
where it should then be treated through organic degradation and microbial decomposition. 
The specific leaching bed design varies from site to site and is based on flow volumes 
through the septic tank, available space on the property, topography, surficial geology, and 
depth to bedrock / impermeable soils. Additionally, proximity to drinking water wells and 
surface water must be considered. According to Ontario Building Code (Figure 2-5), septic 
leaching beds must be minimum 15 m away from surface water and from any drilled wells 
(Davidson et al., 2010). However, wells within 100 m of a septic leaching field have been 
reportedly impacted by septic effluent (Council of Canadian Academies, 2009). Current 
leaching beds are generally comprised of a network of PVC drainage pipes surrounded by 
gravel within a layer of unsaturated native soil (if appropriate) or imported sand. The 
composition of the surrounding soil is important as it acts as a biological, chemical, and 
physical filter to the septic effluent that seeps out of the leaching bed (Davidson et al., 
2010). The leaching bed must be minimum 0.9 m above the water table and / or an 
impervious soil layer such as clay or bedrock according to the Ontario Building Code 
(Government of Ontario, 2018).  
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Figure 2-5: Minimum separation distances for septic leaching beds in accordance to 
the Ontario Building Code (Davidson et al., 2010; Government of Ontario, 2018). 
2.2.3 Septic Effluent Chemistry and Treatment  
2.2.3.1 Within the Septic Tank  
For well-functioning septic systems, it is estimated that 20 – 30% of P is removed in the 
septic tank through solid settling (Lusk et al., 2017). Aside from solid settling, the 
conditions within the septic tank are largely ineffective in decreasing the nutrient loading 
of the wastewater. Under the anaerobic conditions in the tank, influent organic-N is 
converted to ammonium achieving little N removal (<5%) (McCray et al., 2005; Lusk et 
al., 2017), and influent P is converted from organic and condensed PO4-P (polyphosphate) 
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to soluble PO4-P (SRP) (Wilhelm et al., 1994; Zanini et al., 1998). Median P concentrations 
in septic effluent are around 10 mg/l P (ranged from 3 - 40 mg/l TP in 49 septic tank 
samples (Lowe et al., 2007; Lusk et al., 2011) and 0.1 – 30 mg/l PO4-P in 121 septic tank 
samples (Robertson et al., 2019)). Median N concentrations in septic effluent is around 67 
mg/l N (ranged from 7 - 165 mg/l N in 103 effluent samples (Robertson et al., 2019); Table 
2-1). For calculations in this thesis, median concentrations were used for estimating the 
overall P and N loads from septic systems.  
Table 2-1: Median concentrations of nutrients (NH4-N, NO3-N, PO4-P, and TP) and 
the artificial sweetener acesulfame (ACE) in septic tanks with the number of 
samples and concentration range provided. 
Constituent Source 
Median 
concentration 
(mg/l) 
Range (mg/l) 
Number of 
samples (n) 
NH4-N Robertson et al., 2019 67 7 – 165 103 
NO3-N Robertson et al., 2013 <2  11 
PO4-P Robertson et al., 2019 7.4 0.1 – 30 121 
TP  Lusk et al., 2011 10 3 – 40 49 
ACE Snider et al., 2017  0.032 0.0064 – 0.160 36 
2.2.3.2 Drainage Field and Unsaturated Zone  
In the drainage field, a biofilm can form where the effluent flows into the surrounding soil 
(Lusk et al., 2011; Magdoff et al., 1974). This film can slow the transport of the septic 
effluent into the unsaturated zone and act as a secondary treatment zone for the effluent 
that passes through it. Upwards of 91% removal of P has been shown to occur within the 
biofilm (Magdoff et al., 1974). However, the remaining septic effluent that flows into the 
unsaturated zone remains high in nutrient concentrations. In the unsaturated zone, 
oxidation of the wastewater from the septic tank leads to acidic conditions that promote P 
attenuation. Attenuation of P in the unsaturated zone below the drainage field depends on 
the condition of the septic system drainage bed and system age, wastewater loading rate 
and composition, water table elevation, and the soil composition (Zurawsky et al., 2004). 
As previously explained in Section 2.1.3.1, calcareous soils are able to buffer the acidity 
generated from the septic effluent with near neutral pH maintained (Robertson et al., 2019; 
19 
 
Wilhelm et al., 1994). In calcareous soils, PO4-P may precipitate as sparingly soluble Ca- 
and Mn-PO4 minerals including hydroxyapatite (Eveborn et al., 2012; Gill et al., 2009), 
and co-precipitate with calcite (Nyenje et al., 2014). However, few Ca- and Mn-PO4 
minerals have been observed at septic system field study sites. This may be due to kinetic 
limitations or mineral stability (Eveborn et al., 2012; Zanini et al., 1998). Conversely, due 
to lower pH conditions in non-calcareous soils (i.e. inability of soil to buffer acidity 
generated from wastewater oxidation), precipitation of PO4-P minerals can lead to high 
immobilization of PO4-P in the unsaturated zone. This was seen in a study done by 
Robertson et al., (2019) investigating P mobility and persistence in 24 septic systems 
plumes across Ontario located in areas with different sedimentology (i.e., calcareous or 
noncalcareous). Results indicate P enrichment occurs consistently within 1 – 2 meters 
below the infiltration pipes. Further, only about 10% of this accumulated P is readily 
desorbable. P removal in the drainage fields averaged 90% in noncalcareous sediments (13 
septic system sites) and 66 % in calcareous sediments (11 septic system sites). 
The redox conditions in the unsaturated zone below the drainage field also influence the 
extent of P attenuation. Reducing conditions often develop below the drainage field due to 
high organic matter content and NH4-N concentrations associated with the wastewater 
loading (Robertson et al., 1998). In reducing conditions, PO4-P is mainly attenuated by 
adsorption to clays and Al-(oxy)hydroxides that are more stable under reducing conditions 
as well as precipitation of vivianite (Fe3(PO4)2·8H2O) (Ptacek, 1998; Robertson et al., 
1998; Zanini et al., 1998). The onset of reducing conditions may trigger reductive 
dissolution of Fe- and Mn-oxides, leading to the release of sorbed PO4-P (Zurawsky et al., 
2004). Thus, there may be limited attenuation of PO4-P in the subsurface where high 
continued wastewater loading occurs, particularly to sediment with low sorption capacity 
(e.g., calcareous) that may exceed its finite sorption capacity for PO4-P (Nyenje et al., 
2014).  
Overall, precipitation reactions in the unsaturated zone below drainage fields are thought 
to occur within a few days of the effluent entering the subsurface with PO4-P removal rates 
between 25 – 99% (Robertson et al., 2019; Zanini et al., 1998). In fact, P accumulation 
generally occurs immediately below the drainage field (Eveborn et al., 2012; Lusk et al., 
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2011; Robertson et al., 2019; Zanini et al., 1998). With approximately 10% of this 
accumulated P below the tile bed able to desorb (Robertson et al., 2019), these observations 
suggest that mineral precipitation reactions are the primary attenuation process occurring 
in the unsaturated zone below the drainage field. The remaining PO4-P travels through the 
unsaturated zone to the water table, where it is then transported via saturated groundwater 
flow.  
2.2.3.3 Saturated Zone  
Within the saturated zone, PO4-P mineral precipitation reactions and adsorption are less 
important compared to the unsaturated zone (Lusk et al., 2011; Robertson et al., 2019). 
Synthesis of multiple field studies by Robertson et al., (2019) found P attenuation was 
approximately 7% attenuation in calcareous as well as noncalcareous sediment. A long-
term study by Robertson et al., (2008) showed that irreversible sorption and secondary 
mineralization mechanism of P (e.g., slow re-crystallization of sorbed P into insoluble 
metal phosphate minerals, diffusion into microsites, or kinetically slow direct precipitation 
of P minerals such as hydroxyapatite) may be limited in the saturated zone down-gradient 
of septic systems. However, considerable PO4-P retardation is known to occur if conditions 
in the saturated zone are oxidizing. Robertson et al., (2019) showed that P transport is 
generally retarded 20 – 100 times that of groundwater flow. Further, Robertson et al., 
(2019) showed that transport of P down-gradient of septic plumes generally ranges from 1 
– 2 m/yr in calcareous sand / gravel surficial geology regardless of the ambient 
groundwater flow velocity. As such P in the saturated zone may remain mobile despite 
being retarded (Robertson, 2008). Therefore, any P that is transported through the 
unsaturated zone below the drainage field and reaches the saturated zone may be ultimately 
delivered into an adjacent surface water body. In the synthesis study by Robertson et al., 
(2019), overall attenuation of P through the unsaturated and saturated zones below and 
down-gradient of septic systems was on average 73% for sites with calcareous sediment 
(11 septic system sites) and 97% for sites with noncalcareous sediment (13 septic system 
sites). 
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2.2.3.4 Poorly Performing and Failing Septic Systems  
While P discharged into the unsaturated zone below well-functioning septic systems may 
undergo high attenuation rates in the subsurface, it is estimated that approximately 20% of 
septic systems in Ontario are failing (Phosphorous Reduction Task Force, 2012). Failing 
septic systems can be associated with excessive loading of untreated or partially treated 
effluent into the subsurface due to incomplete treatment within the septic tank. Failing 
septic systems can also have surface seepage of septic effluent above the tank or in the 
drainage field (Robertson et al., 2019). Septic system failure can also be due to illegal 
misconnections whereby septic tank effluent is directly diverted to agricultural tile drains, 
surface water bodies, or ditches. While these misconnections are illegal they are known to 
occur and have the potential to cause excessive nutrient (e.g., NH4-N and SRP) and 
contaminant (e.g., fecal contaminants, pharmaceuticals, personal care products) loading to 
surface waters (Richards et al., 2016; Withers et al., 2014). In fact, concentrated inputs of 
septic effluent to surface waters with high SRP concentrations (>50% of TP concentration) 
from tank overflows (0.08-16 mg/l P) were estimated by Withers et al., (2009) to be higher 
than P loads from cultivated agricultural lands (0.02-3.6 mg/l P, <50% SRP of TP). Withers 
et al., (2014) reported a 66% reduction in annual average stream P concentration in a small 
watershed in England soon after the decommissioning of septic systems suggesting that 
direct surface water loading from failing septic systems might have been a major source of 
P to the stream. Despite studies that indicate that failing septic systems may be an important 
source of nutrients and contaminants to surface waters, the contribution of failing systems 
to stream loads remains poorly quantified. 
2.2.4 Tracers for Evaluating Septic Effluent Inputs to Tributaries  
Numerous tracers have been used to evaluate how much wastewater (treated WWTP 
effluent, municipal storm overflows, or septic effluent) is entering surface water and / or 
drinking water supply (e.g., James et al., 2016; Richards et al., 2017; Schijven et al., 2018; 
Van Stempvoort et al., 2011). Common wastewater tracers include inorganic wastewater 
constituents (e.g., chloride, boron, sodium), pharmaceuticals, caffeine, and artificial 
sweeteners. An ideal tracer for quantifying the contribution of septic effluent to tributaries 
would be sourced only to human wastewater, be used by the majority of the population, 
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and be persistent through wastewater treatment and transport in the environment. Selecting 
a suitable tracer with these characteristics is challenging as many wastewater tracers are 
not ubiquitously used amongst the population, can be linked with sources other than human 
wastewater, or are non-conservative in the environment (i.e., due to degradation or 
sorption).  
Foolad et al., (2015) conducted column experiments to test the use of pharmaceutical and 
personal care products including acetaminophen, carbamazepine, caffeine, crotamiton, 
diethyltoluamide, salicylic acid, and three artificial sweeteners including acesulfame, 
cyclamate, and saccharin as wastewater tracers. Results indicated that only acesulfame, 
carbamazepine, crotamiton, cyclamate, and saccharin were stable (conservative) and 
therefore potential tracers for wastewater (Foolad et al., 2015). More recently, James et al., 
(2016) evaluated the use of emerging contaminants including pharmaceuticals, caffeine, 
sucralose, and pesticides, together with fecal coliform bacteria to evaluate septic effluent 
contributions to surface water. They found high levels of sucralose in sites identified with 
high septic effluent input. James et al., (2016) suggested that multiple tracers should be 
used in combination to account for the variation in input and transport of the tracers used 
in their study, Note, however, that none of the tracers used in their study were conservative 
tracer with ubiquitous human consumption.  
Many pharmaceuticals such as ibuprofen, acetaminophen, carbamazepine, and crotamiton 
are not ubiquitously used by the population, which limits their suitability to be used as a 
tracer for human wastewater. In addition, the persistence of these compounds in 
groundwater over long time frames is unclear. Specifically, acetaminophen has been shown 
to be highly sorbed and biodegraded (Foolad et al., 2015). Another potential tracer for 
human wastewater is gadolinium which is a contrast agent used for magnetic resonance 
imaging (MRI). Gadolinium is conservative and found only in human wastewater; 
however, it is not ubiquitously used and therefore is not an ideal tracer for septic effluent. 
Caffeine has potential as a tracer for human wastewater due its widespread consumption 
by the population; however, it is too readily degraded in the environment (Foolad et al., 
2015; Robertson et al., 2013). Fecal coliform bacteria, such as E. coli, have been 
historically used to assess how much wastewater is in drinking water. However, since fecal 
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coliform bacteria are also present in animal waste, this tracer is not unique to human 
wastewater, and therefore not an ideal tracer for septic effluent (Spoelstra et al., 2017).  
Robertson et al., (2013) evaluated artificial sweeteners in conjunction with other chemical 
constituents (e.g., chloride, boron, potassium, sodium) within a septic system plume to 
track septic effluent within the subsurface. Chloride is not an ideal tracer for septic effluent 
due to its natural occurrence and extensive use in road salt and water softeners. Similarly, 
other wastewater constituents such as potassium, boron, and sodium, although elevated in 
wastewater, are not ideal tracers as background concentrations of these constituents may 
be high and their occurrence cannot be solely attributed to human wastewater (Robertson 
et al., 2013).  
Artificial sweeteners are an emerging class of wastewater tracers. Artificial sweeteners are 
used as a flavour additive in low-calorie beverages, food products, drugs, and hygiene 
products such as toothpastes (Bichler et al., 2016). The most common sweeteners used as 
wastewater tracers are saccharin (SAC), cyclamate (CYC), sucralose (SUC), and 
acesulfame (ACE). SAC and CYC have been in use in Canada as artificial sweeteners for 
more than 50 years, although use for human consumption has been restricted in recent years 
(Robertson et al., 2013; Van Stempvoort et al., 2011). ACE and SUC were first approved 
for use in Canada in 1988 and 1992, respectively (Van Stempvoort et al., 2011). Recent 
studies have addressed the viability of artificial sweeteners as a wastewater tracer. ACE is 
considered to be the most ideal tracer for human wastewater due to its persistence through 
treatment and transport, negligible sorption, ubiquitous use, and the ability to detect small 
concentrations (Buerge et al., 2011; Lange et al., 2012; Winkler, 1997). Van Stempvoort 
et al., (2011) used the artificial sweetener ACE to determine the presence of municipal 
wastewater in groundwater at eight different urban sites. Spoelstra et al., (2017) more 
recently used ACE to estimate the fraction of groundwater in wells that is derived from 
septic effluent.  
Foolad et al. (2015) assessed the viability of multiple tracers through an abiotic and biotic 
saturated soil column. It was seen that of the sweeteners tested (CYC, SAC, ACE), all 
exhibited minimal removal via adsorption (<7%) or biodegradation (<15%). However, 
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Lange et al. (2012) indicated that only ACE and SUC pass through WWTPs mainly 
unchanged, indicating the persistence of ACE and SUC through biofilm / activated sludge 
treatment. Additionally, Storck et al. (2016) found that ACE is highly conservative in flow 
through column experiments. Sulfamic acid (SUF) is a transformation product of ACE, 
thus recognizing that ACE, though highly persistent through treatment (Van Stempvoort et 
al., 2011) and transport (Robertson et al., 2013; Snider et al., 2017), can be degraded under 
specific conditions. Attenuation of ACE was found to occur through the use of activated 
sludge in conjunction with a sand filter. However, these conditions can only be seen within 
WWTPs with long retention times (Castronovo et al., 2017). ACE is also an ideal tracer as 
it is ubiquitously used in many products at larger concentrations than other sweeteners due 
to its low sweetness factor (Bichler et al., 2016; Ma et al., 2017; Spoelstra et al., 2013). 
Further, ACE is unique to human wastewater and not used in any known animal feeds 
within North America (Spoelstra et al., 2013). ACE concentration in Ontario septic tank 
effluent ranges from 14 – 71 µg/l (Robertson et al., 2016).  
Unlike ACE, the artificial sweeteners SAC and CYC are not ideal tracers for evaluating 
septic effluent, as they are not conservative through wastewater treatment or in the 
environment. For instance, studies conducted by Buerge et al., (2009, 2011) showed that 
SAC and CYC degrade in activated sludge typical of a WWTP, and also degrade in soil. 
Additionally, SAC is used extensively in pig feed (Ma et al., 2017) and therefore presence 
of SAC cannot be solely attributed to human wastewater. SUC is persistent through 
wastewater treatment but is attenuated under aerobic and sub-oxic to anoxic conditions 
(Spoelstra et al., 2013) with degradation possible in the subsurface (Buerge et al., 2009, 
2011). In addition, using SUC as a wastewater tracer is challenging as SUC concentrations 
are often lower than concentrations of other artificial sweeteners such as ACE (Buerge et 
al., 2009, 2011; Lange et al., 2012). This is due to the sweetness factor of SUC being three 
times greater than ACE and therefore smaller concentrations are added to food, resulting 
in smaller concentrations in wastewater effluent (Ma et al., 2017).  
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2.2.5 Models for Estimation of Septic-Derived Nutrient (N and P) 
Loads to Surface Waters 
A number of computational geospatial models have been developed to estimate nutrient 
and contaminant loads from septic systems to surface waters. Models include GWLF, 
AVGWLF (Evans et al., 2001; WARMF (Geza et al., 2010); LCM (Paterson et al., 2006); 
SWAT with POWSIM (Sinclair et al., 2014). These models generally use lumped 
approaches with nutrient and contaminant loads from septic systems estimated at the 
watershed scale with no consideration of the spatial distribution of septic systems through 
a watershed (e.g., GWLF, AVGWLF, WARMF, and LCM). POWSIM (P onsite 
wastewater simulator) developed by Sinclair et al., (2014) did consider the spatial 
distribution of septic systems, in addition to subsurface P attenuation and transport 
processes that occur in septic plumes. POWSIM estimates the amount of P removed by 
adsorption and precipitation within the biofilm and unsaturated zones below septic 
drainage beds with consideration made for the soil chemistry and wastewater-loading rate. 
While POWSIM was found to perform well for a 6.6 km2 subwatershed (< 100 septic 
systems), the input parameters for this model such as permeable soil depth, hydraulic 
conductivity and depth to water table are generally not available for large scale model 
application (i.e., across the Lake Erie Basin). Available models such as ArcNLET (Wang 
et al., 2013), and VZMOD (Hicks et al., 2013; Zhu et al., 2015) also consider the spatial 
distribution of septic systems in estimating nutrient loadings to surface waters; however, 
these geospatial models focus on estimating N loads from septic systems (and include 
relevant N attenuation processes), and are not set up to estimate P loads.  
Detailed, spatially distributed data for all model parameters required to calculate P loads 
from septic systems to tributaries with consideration of P subsurface attenuation processes 
are not available at the watershed, much less basin, scale in Ontario. For instance, data on 
septic system locations, household size, septic system type, age, wastewater loading rate, 
and soil parameters (e.g., surficial geology, pH, redox potential, sorption capacity, porosity, 
hydraulic conductivity, mineral/metal composition) are not readily available at the 
watershed scale. As such a model to estimate P loads from septic systems to tributaries in 
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the Lake Erie Basin needs to be based on robust simplified assumptions that make use of 
the latest research findings and available data. 
2.3 Summary  
This chapter has described the fate of septic-derived P through treatment and subsequent 
transport within the subsurface. The reactivity and transport of P in the environment 
including in the subsurface down-gradient of septic systems has been the subject of 
numerous field and modeling studies. These studies have generated sound mechanistic 
understanding of the reaction processes controlling the transport of P within the unsaturated 
and saturated zones below and down-gradient of septic systems. Despite these studies there 
is still major uncertainty regarding the contribution of septic systems to tributary nutrient 
loads. This is because the location, number, type, and age of septic systems in many 
regions, including in Ontario is undocumented, septic failure or misconnection rates are 
relatively unknown, and the amount of septic effluent reaching tributaries is not quantified 
from either functioning or failing septic systems. Most prior studies focus on field 
investigation of individual septic system plumes or focus on calculating generalized 
watershed P loadings using a lumped modeling approach. There is a need to better 
understand the contribution of septic effluent to tributaries including the temporal and 
spatial variability in these loadings and the relative importance of failing septic systems in 
delivering effluent to tributaries. The calculation of loads from septic systems based on the 
location of septic systems relative to surface waters, septic effluent loads, household size, 
and site sedimentology could provide important estimates for constraining the relative 
importance of septic systems as a source of nutrients to tributaries. Chapter 3 of this thesis 
presents a field study focused on three unserviced study subwatersheds within the Lake 
Erie Basin that aims to determine the percentage of septic effluent generated in the 
subwatersheds that reaches the tributary and how this varies spatially and temporally. 
Chapter 4 uses these results in the development of a geospatial modeling tool that is applied 
to provide estimates of septic-derived P loads across the Ontario Lake Erie Basin. The 
septic-derived P estimates are compared to reported total watershed and Basin P loads to 
assess the potential importance of septic systems as a source of P to tributaries. 
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Chapter 3  
3 Analysis of Nutrient Loading from Septic Systems to 
Tributaries Using Artificial Sweeteners 
3.1 Introduction  
Surface water eutrophication caused by excessive nutrient (phosphorus and nitrogen) 
loading to surface waters is a major concern worldwide. Nuisance and toxic algal blooms 
caused by eutrophic conditions have severe consequences costing billions of dollars 
annually in economic and ecological damages (Bingham et al., 2015; Jarvis, 2014). These 
damages are associated with water supply disruptions, loss of tourism and fisheries, and 
loss of ecosystem and biodiversity (e.g., Hiscock et al., 2003; Domagalski and Johnson 
2011; Nyenje et al., 2014; Watson et al., 2016). For example, the massive algal bloom in 
Lake Erie in 2014 which led to drinking water supply disruptions for the city of Toledo, 
Ohio for three days is estimated to have cost $US 65 million (Bingham et al., 2015; Jarvis, 
2014). Reducing nutrient loading to surface waters is challenging due to high loading 
contributions from diffuse sources. Quantification of the various contributing sources of 
nutrients and the pathways by which they are delivered to surface waters is needed to 
develop effective nutrient reduction management actions. 
Septic systems are on-site wastewater treatment units that are widely used in areas not 
serviced by a centralized wastewater treatment plant (WWTP). Although an increasing 
number of studies have now linked septic systems to water quality impairments (e.g., 
Hanchar 1991; Withers et al., 2014; Mechtensimer and Toor 2016; Schaider et al., 2016; 
Roy et al., 2017), the relative importance of septic systems as a source of nutrients to 
tributaries remains poorly quantified. Additionally, septic systems may be an important 
source of other emerging contaminants of concern such as pharmaceuticals (e.g., 
antibiotics, hormones, analgesics), and personal care products (McCance et al., 2018; 
James et al., 2016). Septic systems release partially treated wastewater into the unsaturated 
zone below a drain field. Depending on hydrologic and geochemical conditions, the septic 
effluent can migrate through the unsaturated zone to the water table, where it can then be 
transported down-gradient to adjacent surface water (Figure 3-1). While well-functioning 
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septic systems can have high nutrient removal rates in the septic tank and in the unsaturated 
zone, septic systems that are poorly designed, situated, or maintained can deliver excessive 
nutrient loading into the subsurface. In some cases, suboptimal conditions can also lead to 
septic tank overflow, limited infiltration of the septic effluent into the subsurface, soggy 
drainfields, and septic effluent transported to nearby surface waters via surface flow paths 
(Withers et al., 2014). Cases have also been reported where, although illegal, septic effluent 
is directly released into an agricultural tile drain or alternatively directly routed to a nearby 
tributary (termed “misconnections”). Septic system failure rates are estimated to be around 
20% in Canada (Council of Canadian Academies, 2009; International Joint Commission, 
2011) and up to around 70% in the UK and Ireland (Withers et al., 2014).  
 
Figure 3-1: Schematic of a septic system plume with main nutrient cycling processes 
(orange arrows) and transport pathways indicated (black arrows). 
It is challenging to quantify the magnitude of nutrient loadings from septic systems to 
tributaries as septic-derived nutrient inputs are diffuse and are often overwhelmed by other 
nutrient sources such as those associated with agricultural land-use. In addition, inventories 
of septic system numbers and locations within watersheds often do not exist. Furthermore, 
where nutrients are delivered from septic systems to tributaries via subsurface pathways, it 
is difficult to predict the ultimate loading to the tributary as the behavior of nutrients in the 
subsurface is extremely complex, particularly in the unsaturated zone and near the 
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groundwater-surface water interface (Lewandowski et al., 2015; Robertson et al., 1998; 
Wilhelm et al., 1994). For instance, although increasing evidence suggests soluble reactive 
phosphorus (SRP, the bioavailable P fraction that stimulates plant growth) can be mobile 
in the subsurface under certain conditions (e.g., calcareous sediments, coarse grain 
sediment, neutral pH), SRP has a high tendency to interact with sediments through sorption 
and precipitation reactions (e.g., Lusk et al., 2011; Robertson et al., 2016; Mechtensimer 
and Toor 2017). While nitrate is generally more mobile and conservative in the subsurface 
than SRP, its transport is still impacted by microbial-mediated reactions including 
denitrification (e.g., Spiteri et al., 2007; Wang et al., 2013; Zhu et al., 2015).  
To determine the amount of septic effluent that is delivered to a tributary, a wastewater 
specific contaminant tracer must be used. An ideal tracer would be sourced only to human 
wastewater, be used by the majority of the population, and be persistent through wastewater 
treatment and transport in the environment. Common wastewater tracers that have been 
previously used to evaluate how much wastewater (wastewater treatment plant effluent, or 
septic effluent) is entering surface water and / or drinking water supply include: inorganic 
wastewater constituents (e.g., chloride, boron, sodium), pharmaceuticals, caffeine, and 
artificial sweeteners (e.g., Van Stempvoort et al., 2011; James et al., 2016; Richards et al., 
2017; Schijven et al., 2018). Selecting a suitable tracer is challenging as many of these 
tracers are not ubiquitously used amongst the population, can be linked with sources other 
than human wastewater, or are not conservative in the environment (i.e., degradation or 
sorption). For instance, pharmaceuticals such as ibuprofen and carbamazepine, are not 
ubiquitously used and therefore their presence depends on their usage by the population in 
the study area (Foolad et al., 2015; James et al., 2016). Inorganic wastewater constituents, 
such as chloride, boron, sodium, and potassium, are all naturally occurring and can also be 
linked to other anthropogenic activities (e.g., road salt application, water softening) 
(Robertson et al., 2013; Van Stempvoort et al., 2011). Other tracers such as caffeine are 
non-conservative and tend to degrade in the environment (Foolad et al., 2015; Robertson 
et al., 2013). 
Artificial sweeteners are an emerging class of wastewater tracers. Artificial sweeteners are 
used as a flavour additive in low-calorie beverages, food products, drugs, and hygiene 
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products such as toothpastes (Bichler et al., 2016). The most common sweeteners used as 
wastewater tracers are saccharin (SAC), cyclamate (CYC), sucralose (SUC), and 
acesulfame (ACE). Of these, ACE is considered to be the most promising tracer for 
wastewater due to its persistence through wastewater treatment and transport in the 
environment (including subsurface transport), negligible sorption, and the ability of 
analytical methods to detect small concentrations (Buerge et al., 2009; Burke et al., 2014; 
Lange et al., 2012; Robertson et al., 2013; Schijven et al., 2018; Winkler, 1997). Further, 
ACE is ubiquitously used in many products at larger concentrations than other sweeteners 
due to its low sweetness factor, and it is not used in any known animal feeds within North 
America (Spoelstra et al., 2013). Other artificial sweeteners either degrade in wastewater 
activated sludge and/or soil (e.g., SAC, CYC, SUC) (Buerge et al., 2009; Spoelstra et al., 
2013), or can be linked to other sources such as pig feed (e.g., SAC) (Ma et al., 2017). 
While ACE has been found to degrade under specific conditions, these conditions only 
occur in wastewater treatment plants with long retention times (Castronovo et al., 2017), 
or in the higher temperatures of summer and autumn (Burke et al., 2014; Kahl et al., 2018). 
All sweeteners including ACE may be in WWTP biosolids that are applied to agricultural 
fields; however, as ACE does not readily sorb, it exists primarily in the liquid WWTP 
stream (OMAFRA, 2016; Storck et al., 2016). As such this additional source of ACE to a 
watershed is likely to be minor (Buerge et al., 2011).  
The viability of using ACE as a tracer for human wastewater has been demonstrated 
previously (Buerge et al., 2009; Robertson et al., 2013; Roy et al., 2017; Spoelstra et al., 
2017; Van Stempvoort et al., 2011). Buerge et al., (2009) first showed the widespread 
occurrence of ACE in groundwater and surface water. Similarly, Van Stempvoort et al., 
(2011) showed that compared to other sweeteners, ACE was the most common sweetener 
detected in groundwater at multiple urban sites with ACE concentrations in groundwater 
higher than in adjacent streams. Notably, the highest ACE concentrations were detected in 
groundwater below a stream adjacent to a residential area using septic systems. Robertson 
et al., (2013) later showed that unlike other wastewater constituents such as chloride and 
boron, ACE persisted at high concentrations through the distal zone of a subsurface septic 
effluent plume and as such holds considerable promise as a tracer for septic effluent. More 
recently, ACE was used to assess decommissioned septic system plumes (Roy et al., 2017), 
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and also to estimate the fraction of septic effluent in rural groundwater well samples 
(Spoelstra et al., 2017).  
The objective of this study is to evaluate the fraction of septic effluent generated in a 
subwatershed that reaches tributaries and apply this information to estimate septic-derived 
nutrient loading to tributaries. The potential concentration of emerging contaminants in 
tributaries due to septic effluent contributions is also explored. The study focuses on three 
WWTP unserviced subwatersheds in the Lake Erie Basin that range in land use from 
agricultural to urban. Stream flow measurements combined with stream ACE 
concentrations at the subwatershed outlets are used to evaluate the delivery of septic-
derived effluent to tributaries including evaluating how these contributions vary temporally 
and spatially between subwatersheds. Furthermore, ACE stream loads for baseflow and 
event flow conditions are compared to identify the relative importance of septic system 
failures that may lead to septic effluent being delivered to tributaries via surface pathways 
during event conditions. The study findings provide important insight into the timing and 
delivery of septic effluent to tributaries as well as field tools that can be used to better 
quantify septic effluent inputs. These findings are needed to inform actions aimed at 
reducing nutrient loadings to tributaries, including the establishment of regulations 
regarding the design, maintenance, and monitoring of septic systems. 
3.2 Methodology  
3.2.1 Site Description 
This study focuses on three subwatersheds in the Lake Erie Basin, which are herein named 
based on the closest town. These subwatersheds are Florence, Bothwell, and Strathroy 
(Figure 3-2). The subwatersheds were selected mainly because they are not serviced by a 
centralized WWTP, have varied land use between primarily agricultural to primarily urban, 
and have sand and/or gravel as the primary surficial sediment. Sand or gravel sediment is 
expected to be of higher permeability and more calcareous than other surficial sediment 
types such as tills, silts, and organic deposits. Additional criteria used to select these 
subwatersheds are provided in Table A-1 in Appendix A.  
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Figure 3-2: Location of three subwatersheds (Florence (F), Bothwell (B) and 
Strathroy (S)) in the Ontario Lake Erie Basin with surficial geology and locations of 
WWTP serviced areas indicated. Surficial geology data from Ontario Geological 
Survey (OGS 2003).  
The Florence (76 km2), Bothwell (14 km2), and Strathroy (24 km2) subwatershed have 
primarily agricultural land use (80 - 90%) with forest covering approximately 5 - 10% of 
land area. Bothwell has the highest urban/residential land use (20%), compared to Florence 
and Strathroy (≤ 5%). The main development in these subwatersheds occurred prior to 
1960, which is around when septic systems were installed (Rutty and Sullivan, 2010). 
Sandy deposits are the major surficial geology in all three subwatersheds, with Florence 
having minor instances of finer sedimentation in the west near the outlet, and Strathroy 
having small areas of gravel throughout, as well as silt, diamicton, and organic deposits in 
the northeast. However, there is extensive agricultural tile drain coverage in the Florence 
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and Bothwell subwatersheds, suggesting poorly draining soils and/or generally a high 
watertable elevation in these subwatersheds (Appendix A: Figure A-1). The tile drainage 
coverage is less extensive in the Strathroy subwatershed. The three subwatersheds drain 
into the Sydenham River (Figure 3-2), which ultimately drains to Lake Erie through Lake 
St. Clair. Florence has the highest order stream (Fansher Creek: 4th order), and Strathroy 
and Bothwell are 3rd order streams. During dry baseflow conditions, longitudinal stream 
disconnectivity was observed, particularly in Strathroy where some culverts are elevated 
relative to the streambed. Additional details on the subwatersheds are provided in in Table 
A-2 in Appendix A.  
3.2.2 Placement of Septic Systems 
Locations of septic systems within the study subwatersheds were determined using 0.2 m 
resolution imagery from the South Western Ontario Orthoimagery Project (SWOOP 
(MNRF, 2015)) and property boundaries (parcels) (Teranet, 2014). Locations of septic 
systems were marked manually using the ArcGIS (ESRI, 2011) interface. When manually 
placing septic systems, it was assumed that there is one septic system per residential 
property parcels (i.e. house observed in SWOOP imagery) outside WWTP serviced areas. 
The Building as Symbol layer from the Ministry of Natural Resources (MNRF, 2013) was 
used to help guide the placement, but user discretion was also required. Septic systems 
were spatially placed within a parcel in accordance with the Ontario Building Code, which 
indicates that a septic system drainage bed must be ≥ 5m from the household, ≥ 3m from 
property boundaries, and ≥ 15m from surface water (Government of Ontario, 2018).  
3.2.3 Stream Measurements  
Stream sampling was conducted at the outlets for the three subwatersheds to determine 
subwatershed loadings of artificial sweeteners including ACE and nutrients. Florence 
sampling was done approximately 50 m from where the stream discharged to the Sydenham 
River to avoid potential measurement errors due to mixing between the tributary and river. 
Sampling was conducted from November 2017 to August 2018 with 22 sampling events 
during this period that covered a range of weather and flow conditions. For all sampling 
events, stream discharge was calculated at the subwatershed outlets for a single transect 
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perpendicular to stream flow. The water depth and stream velocity at 2/3 depth, determined 
using a velocimeter (Global Water: Flow probe FP111), were measured at 0.5 m increments 
across the stream transect. The depth and velocity data sets were combined to calculate the 
stream discharge (m3/s). For all sampling events, four stream samples were collected in 60 
mL LDPE bottles to be analyzed for total phosphorus (TP), nitrate (NO3-N), and the 
artificial sweeteners, including acesulfame (ACE), saccharin (SAC), and cyclamate 
(CYC). All samples were filtered in field using 0.45 μm cellulose acetate membrane 
syringe filters, excluding TP samples which were unfiltered. Samples were kept cold 
during transport and stored frozen until analysis, unless immediately tested (TP). Samples 
were analyzed for TP within 24 hours of sample collection (except for samples collected 
prior to May 2018, n = 9). A UV-Vis spectrometer was used to analyze for TP (total 
phosphorus: Hach method 8190). NO3-N concentrations were determined using high-
performance liquid chromatography (HPLC: Waters 432 w/ 717plus Autosampler). 
Samples were analyzed for the artificial sweeteners acesulfame (ACE), saccharin (SAC), 
and cyclamate (CYC) using ion chromatography coupled to a tandem mass spectrometer 
with an electrospray ionization source in negative mode. The detection limits for ACE, 
SAC, and CYC are 2, 2, and 3 ng/L, respectively. Any measurements below detection limit 
were recorded as half the detection limit (1, 1, and 1.5 ng/L, respectively).  
3.2.4 Analysis of Stream Loads 
The stream discharge (m3/s) and stream concentrations (ng/L) for each sampling event 
were first used to evaluate the time-varying mass stream load for each analyzed constituent 
(kg/d). The ACE stream load was divided by an estimated amount of ACE generated from 
a single dwelling (or septic system) to determine the equivalent number of septic systems 
contributing effluent to the stream in each subwatershed. This number may be interpreted 
as the equivalent number of septic systems that contribute all their effluent to the stream 
or, alternatively and more realistically, a summation of all partial contributions from septic 
systems to the stream in the subwatershed. The average ACE load from a septic system 
was estimated to be 1.8 x 10-5 kg/d, based on a median ACE concentration in septic tanks 
of 32 µg/L (6.4 – 160 µg/L range (n = 36): (Snider et al., 2017)), an average per person 
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household water usage of 221.8 L/d (Gauley Associated Ltd., 2016) and an average 2.6 
people per household (Statistics Canada, 2016):  
   ACE Load (
kg
d∗.septic
) = 32 (
µg
L
) ∗ 221.8 (
L
d∗.person
) ∗ 2.6 (
person
septic
) = 1.8 x 10−5 (
kg
d
)  
      [Eq. 1] 
Median value for ACE concentration was used as there was a high range of potential values, 
thus median would exemplify the most commonly seen sample. Additionally, other values 
of per person water usage were considered, ranging from 120 (Mechtensimer and Toor, 
2017) to 275 L/person/d (Paterson et al., 2006), which were found for Florida septic usage 
and Ontario usage in 1980, respectively. The applied value of 221.8 L/day was deemed the 
most applicable because it was the average water usage found in Guelph, Ontario between 
1999 – 2014. Utilizing this methodology, a similar calculation was performed for SAC 
using an average SAC load per septic system of 9.2 x 10-6 kg/d which was based on average 
SAC concentration in septic effluent of 16 µg/L (Snider et al., 2017).  
The septic-derived nutrient loading to the stream for each subwatershed was then 
calculated by multiplying the equivalent number of septic systems (as determined by ACE) 
by the average TP and NO3-N loadings per septic system (Table 2.1). Similar to the 
approach used to estimate the ACE load per septic system, the average TP and NO3-N loads 
per septic system were calculated to be 5.7 x 10-3 kg/d TP and 3.8 x 10-2 kg/d NO3-N. These 
values assume concentrations in the septic tank of 10 mg/L P (Lowe et al., 2007; Lusk et 
al., 2017) and 64.8 mg/L N (Robertson et al., 1998). The average concentration of total N 
in the septic tank is used to estimate the septic-derived NO3-N load to the stream– this 
assumes that all ammonium and organic nitrogen transform to NO3-N between the septic 
drainage bed and subwatershed outlet. The approach used to calculate the septic-derived 
NO3-N subwatershed load also assumes that once NO3-N is formed, it travels 
conservatively through the watershed. As P has a tendency to interact with sediments 
through adsorption and precipitation reactions, the septic-derived P load was refined by 
using an attenuation factor. Gruber and Robertson (2018) recently showed that 
approximately 60% of septic-derived P is attenuated by secondary mineralization processes 
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in the unsaturated zone below septic systems installed in sand and gravel surficial sediment 
(similar geology to the three subwatersheds). Secondary mineralization processes are 
thought to be irreversible and therefore permanently immobilize P (Gruber and Robertson, 
2018; Robertson, 2008; Robertson et al., 2016). As such, the subwatershed septic-derived 
TP loads were multiplied by this attenuation factor (60%) to provide a more realistic 
estimate of TP loads. 
The measured ACE, TP, and NO3-N concentrations at the three subwatershed outlets were 
used together with stream discharge data to estimate the annual stream loads using the 
United States Geological Survey’s Load Estimator ((Loadest); Runkel et al., 2004). 
Loadest uses time series of stream discharge and stream concentration data to calculate 
stream loads based on the best one of three statistical regression models: maximum 
likelihood estimation (MLE), adjusted maximum likelihood estimation (AMLE), and least 
absolute deviation (LAD)). The regression model with the best fit based on standard errors 
and percent confidence (95%, p<0.05) intervals was then used to estimate seasonal and 
annual stream loads. 
To evaluate the observed temporal variations in field-derived ACE, SAC, and nutrient 
stream loads, sampling events were classified as either baseflow or event flow conditions. 
For Florence this classification was done using the baseflow separation tool SepHydro 
(Environment and Climate Change Canada, 2016) with the Eckhardart baseflow separation 
method (alpha 0.75; (Eckhardt, 2005)) with the Sydenham stream stage (Government of 
Canada, 2018b) and daily precipitation data (Government of Canada, 2018a). This could 
be done due to the agreement between the Sydenham stream stage at Florence with the 
field measured stream stage at the Florence subwatershed outlet. For Bothwell and 
Strathroy, no continuous stream discharge data was available and therefore baseflow 
separation was done using continuous stream stage data (measured using In-Situ TROLL 
9500) combined with precipitation and snow melt data from nearby weather stations 
(Government of Canada, 2018a), and nearby Sydenham River flow and stage data 
(Government of Canada, 2018c). 
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3.2.5 Estimation of Emerging Contaminant Concentrations  
Worst-case stream concentrations of various emerging contaminants that may be 
associated with septic effluent were calculated utilizing the maximum measured ACE 
stream concentrations for the three subwatersheds. For this calculation it was assumed that 
the emerging contaminants behave similarly to ACE whereby they are relatively persistent 
through subsurface and (if active) surface transport pathways. While this may not be an 
accurate assumption for many emerging contaminants that are known to degrade in the 
environment (Godfrey et al., 2007; Lusk et al., 2017), this calculation provides worst-case 
maximum stream concentrations that may be attributed to septic effluent. The percent 
dilution in the ACE concentrations from the septic tank to the stream outlet for each of the 
subwatersheds was used to calculate the worst-case stream concentration of an emerging 
contaminant given a known average septic tank concentration. The estimated maximum 
concentrations of emerging contaminants that could be associated with septic effluent were 
then compared with toxic indicator levels of EC50 and LC50 for specific organisms. EC50 
is the median effective concentration for immobilization of the organism in question. LC50 
is the concentration at which 50% of the organisms examined perish. A chronic toxicity 
level (lasting for more than 24 hours) is more likely to be observed in the environment and 
thus is the measure used here. 
3.3 Results and Discussion  
3.3.1 Septic System Placement  
The subwatersheds Florence, Bothwell, and Strathroy are estimated to have 272, 298, and 
127 septic systems, respectively (Figure 3-3). The associated densities of septic systems in 
each subwatershed are 3.4 septics/km2, 21.3 septics/km2, and 5 septics/km2. Bothwell has 
89% of its septic systems in an urban area. In comparison, only 49% of septic systems in 
Florence are in an urban area (adjoins Bothwell urban area), and in Strathroy there is no 
urban area. Considering the surficial sediment type, Florence, Bothwell, and Strathroy have 
206 (76%), 298 (100%), and 90 (74%) septic systems, respectively, located in sand and/or 
gravel sediment.  
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Figure 3-3: Estimated locations of septic systems in the study subwatersheds with 
the primary surficial sediment type shown (data provided by OGS (2003) (See 
Appendix B Table B-2). The subwatershed outlets where stream sampling was 
conducted are also indicated. 
3.3.2 Analysis of Septic Effluent Reaching Subwatershed Outlets  
ACE was found at concentrations above the detection limit (2 ng/l) in all stream samples 
from all three subwatersheds except for one sample point in Strathroy (27 Nov 2017). ACE 
concentrations are shown together with the stream discharge, stream stage and precipitation 
over the eight-month sampling period in Figures 3-4, 3-5, and 3-6 for the Florence, 
Bothwell, and Strathroy subwatersheds, respectively. As described in Section 3.1, ACE has 
been proven to be a good conservative tracer for human wastewater (e.g., Van Stempvoort 
et al., 2011; Robertson et al., 2013; Snider et al., 2017). As there are no other human 
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wastewater sources of ACE (i.e., WWTPs) in the subwatersheds and inputs from biosolid 
application to adjacent agricultural fields are assumed minor (Storck et al., 2016), the 
presence of ACE at the subwatershed outlets suggests septic effluent is reaching the 
streams. Furthermore, these observations support this new approach of using ACE for 
quantifying subwatershed scale septic effluent inputs to rural streams. 
ACE stream concentrations at the outlets varied considerably over time (Figures 3-4b, 3-
5b, and 3-6b). This may be due to changes in the inputs of ACE to the stream or in its 
transport through the stream system to the outlets. However, changes in water inputs (i.e., 
flow conditions) may have also caused the variations in concentration by altering the 
amount of dilution. Therefore, ACE stream loads were calculated, as these provide a better 
measure of septic effluent input to the streams under varying flow conditions. The ACE 
stream load determined from the ACE concentration (ng/l) and stream discharge (m3/s) at 
each sampling time is presented as a mass loading (kg/d), as well as the equivalent number 
of septic systems contributing effluent to the stream. As described in Section 3.2.4, the 
latter was calculated by dividing the stream ACE mass load (kg/d) by the estimated daily 
ACE loading from a single septic system (1.8 x 10-5 kg/d, [Eq. 1]).  
The stream ACE loads experienced high temporal variability over the sampling period, to 
a similar or even greater extent than the stream ACE concentrations (Figures 3-4, 3-5, 3-
6). The equivalent number of septic systems contributing effluent to the stream varied 
considerably between sampling times ranging from 4 – 131 septic systems in Florence (7.0 
x 10-5 – 2.4 x 10-3 kg/d, Figure 3-4b), 2 – 397 septic systems in Bothwell (3.8 x 10-5 – 7.3 
x 10-3 kg/d, Figure 3-5b), and 1 – 20 septic systems in Strathroy (8.8 x 10-6 – 3.7 x 10-4 
kg/d, Figures 3-6b). Strathroy consistently had the lowest ACE stream loads (≤ 1.2 x 10-4 
kg/d). Higher ACE stream loads in all subwatersheds were observed during the spring and 
early summer season in April and May. These higher loadings may be associated with 
spring melt and high rainfall (Figure A-2). However, note that the sample size was small 
for winter (n=2) and no sampling was conducted during fall. The high temporal variability 
observed in the ACE stream loads (and associated equivalent numbers of septic systems 
contributing effluent to the stream) should be considered when designing stream sampling 
programs to evaluate septic effluent inputs. It is clear that “one-off” or snapshot stream 
48 
 
sampling events may not provide an accurate representation of the septic effluent inputs to 
the stream.  
 
Figure 3-4: Florence subwatershed (a) field measured continuous stream stage (cm), 
and stream flow at sampling location (m3/min), and Sydenham River flow (m3/s), 
precipitation (mm), snow on ground (cm), and (b) ACE stream concentration (ng/l) 
and ACE stream load (kg/d). Open circles and closed circles are used to indicate 
that the data was collected during baseflow and event flow conditions, respectively.  
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Figure 3-5: Bothwell subwatershed (a) field measured continuous stream stage (cm) 
and stream flow (m3/min), precipitation (mm), snow on ground (cm), and (b) ACE 
stream concentration (ng/l) and ACE stream load (kg/d). Open circles and closed 
circles are used to indicate that the data was collected during baseflow and event 
flow conditions, respectively. 
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Figure 3-6: Strathroy subwatershed (a) field measured stream stage (cm) and flow 
(m3/min), precipitation (mm), snow on ground (cm), and (b) ACE stream 
concentration (ng/l) and ACE stream load (kg/d). Open circles and closed circles are 
used to indicate that the data was collected during baseflow and event flow 
conditions, respectively. 
ACE stream loads at the subwatershed outlets are found to increase with increasing stream 
flow indicating that more septic effluent is reaching the outlets under high flow conditions 
(Figure 3-7). The average ACE stream loads during baseflow conditions is considerably 
lower in all three watersheds (1.0 x 10-3 kg/d, 4.2 x 10-4 kg/d and 5.0 x 10-5 kg/d for 
Florence, Bothwell, and Strathroy, respectively) compared with the average loading during 
event flow conditions (1.5 x 10-3 kg/d, 1.5 x 10-3 kg/d, and 1.8 x 10-4 kg/d for Florence, 
Bothwell, and Strathroy, respectively, Figure 3-8). Due to our discrete sampling approach, 
high ACE loads during peak event flows were not captured and therefore the actual average 
ACE loads during high flow conditions may be higher than that calculated here. The strong 
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positive relationship for both baseflow and event flow periods was somewhat unexpected, 
perhaps due to a common notion that baseflows (and thus groundwater contributions to 
streams during baseflow conditions) will be fairly stable over time and that septic effluent 
is delivered to the streams primarily via groundwater discharge during baseflow periods. 
There are several factors that may be contributing to the strong positive relationship 
between ACE loads and stream flow and the associated temporal variability in ACE load. 
These factors are discussed further in Section 3.3.3. 
 
Figure 3-7: Relationship between stream flow and ACE stream load with ACE load 
presented as a mass loading (kg/d) on left y-axis and as equivalent number of septic 
systems on right y-axis for the (a) Florence, (b) Bothwell, and (c) Strathroy 
subwatersheds for all flow conditions (solid line) and baseflow conditions (dotted 
line and open circles). Note the different y-axis scales in (c). Trend line equations are 
based on ACE equivalent septics.  
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Figure 3-8: ACE stream loads as mass loading (left) and equivalent septic systems 
(right) for all, base, and event flow conditions for (a) Florence, (b) Bothwell, and (c) 
Strathroy. Outlier for Bothwell Total and Bothwell Event (17 April, 7.4 x 10-3 kg/d, 
397 equivalent septics) are not shown at this scale.  
Despite the high temporal variability in ACE loads and limited sampling conducted in fall 
and winter, data were used to estimate the average annual stream ACE loads using Loadest 
(Section 3.2.4). From comparing the continuous discharge data for the Sydenham River 
with the measured stream discharge data at Florence (Figure 3-4), it is estimated that 
approximately 18% of high stream flow events were missed over the 8-month sampling 
period. As such the calculated annual loads are expected to be low given that ACE loads 
during peak flows were not captured (Lee et al., 2016) and the strong positive correlation 
between stream flow and ACE loads. Annual ACE loads were highest in the Florence and 
Bothwell subwatersheds (0.44 kg/yr and 0.36 kg/yr, respectively) compared with the 
Strathroy subwatershed (0.04 kg/yr; Table 3-2). If we consider a septic system to contribute 
either all or none of its load, the annual ACE stream loads are equivalent to 65, 53, and 6 
septic systems contributing effluent to the stream in the Florence, Bothwell, and Strathroy 
subwatersheds, respectively. Considering the number of septic systems in each 
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subwatershed, it is estimated that at least 24%, 18%, and 5% of all septic effluent produced 
in the Florence, Bothwell, and Strathroy subwatersheds is reaching the tributary. Thus, 
generally, most of septic system effluent is not reaching the stream. Importantly, there is a 
clear difference in the percentage of septic effluent reaching the outlets between the study 
subwatersheds and the rate at which the septic contribution increases as stream flow 
increases (i.e. slopes of lines in Figure 3-7). As was noted for the temporal variability, there 
are several factors that might be influencing this difference, which will be discussed in in 
Section 3.3.4.  
Table 3-1: Calculated annual ACE loads at the outlets for each subwatershed (kg/d, 
equivalent number of septic systems) and estimated percentage of total septic 
effluent that reaches the subwatershed pour points. 
Subwatershed 
Total Number 
of Septic 
Systems 
ACE load at Subwatershed 
Outlet 
Percentage of 
Septic Effluent that 
Reaches 
Subwatershed 
Outlets (%) 
Mass Load 
(kg/d) 
Equivalent 
Number of 
Septic Systems 
Florence 272 1.2 x 10-3 65 24 
Bothwell 298 9.9 x 10-4 53 18 
Strathroy 122 1.1 x 10-4 6 5 
3.3.3 Factors Contributing to Temporal Variations in ACE Stream 
Loads  
Various factors may contribute to the temporal variability in ACE stream loads between 
sampling events, some of which affect the transport of septic effluent to the stream and 
others that affect ACE in-stream transport to the outlet (Table 3-1). During baseflow 
periods when overland runoff is less likely, groundwater transport is expected to be the 
main pathway delivering ACE from septic systems to the stream. There may also be some 
contribution from direct connection of septic tank outflow to surface water through pipes 
(although illegal, is known to occur) (Dunk et al., 2008; Withers et al., 2014). The increase 
in ACE loads as stream flow increases considering baseflow periods only (Figure 3-7) may 
be due to increased groundwater discharge associated with higher groundwater tables in 
the watershed and thus higher input of septic effluent and associated ACE to the stream. 
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Agricultural tile drainage may also deliver septic effluent to the stream when the 
groundwater table is raised as tile drains may intercept the subsurface septic plume 
effectively short circuiting its subsurface transport to the stream. Alternatively, it is 
possible septic tanks may be directly (and illegally) connected with agricultural tile drains. 
The longitudinal transport of ACE down the stream system will also affect the observed 
ACE loads at the subwatershed outlets. Stream longitudinal connectivity was observed to 
be reduced (dry sections or stream cut-off at road crossings) during dry baseflow 
conditions. This could lead to ACE being trapped in disconnected stream reaches and 
decreased ACE loads at the outlets as the stream flow decreases. Additional hydrologic 
pathways become active during event flows and explain the higher ACE loads observed 
under these conditions (Figures 3-7 and 3-8). Most notably, ACE loads may be higher 
during event flow conditions due to surface overland transport of septic effluent to the 
stream from failing septic systems (i.e. as septic tile beds become waterlogged). High 
groundwater table following rain and snow melt events may also lead to increased 
groundwater discharge to the stream as well as tile drainage to the stream and thus higher 
input of septic effluent and associated ACE to the stream. In addition, ACE loads at the 
subwatershed outlets may be higher during event flow conditions due to the release and 
downstream transport of ACE stored in previously disconnected stream reaches.  
The highest measured ACE stream load (0.007 kg/d) occurred at the Bothwell outlet under 
high flow conditions with the load equivalent to approximately 400 septic systems 
contributing effluent to the stream. This is over 100 septic systems more than the total 
estimated number of septic systems in the Bothwell subwatershed. This excess loading may 
be due to high input of septic effluent to the stream via the various contributing pathways, 
as well as the release of ACE trapped in different compartments of the hydrological 
landscape that become reconnected under high flow conditions. It is important to note that 
while other factors listed in Table 3-2, such as seasonal populations and changing 
household ACE consumption and water usage patterns may also cause temporal variations 
in ACE stream loads, these factors do not explain the strong correlation between ACE loads 
and stream flow for all three subwatersheds. Additional sampling including high frequency 
measurements of the ACE stream loads at the subwatershed outlets during high flow 
conditions and sampling of ACE in the upstream reaches during dry baseflow conditions 
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is required to untangle the various pathways by which septic effluent is reaching the 
subwatershed outlets.  
Finally, the combined analysis of ACE stream loads with other artificial sweeteners, SAC 
and CYC, was also explored to help untangle the various factors and pathways contributing 
to the observed temporal variability in ACE loads. SAC and CYC are less conservative in 
the environment compared to ACE (Buerge et al., 2011; Spoelstra et al., 2017) and 
therefore comparison of SAC, CYC, and ACE mass loads at the subwatershed outlets might 
provide insight into the relative contribution of fast (i.e. overland flow) versus slow 
pathways (i.e. groundwater transport) in delivering septic effluent to the stream. 
Unfortunately, all CYC stream concentrations were below detection and therefore analysis 
with this sweetener was not possible. SAC stream concentrations were all above detection 
aside from two sample points (Florence 3 May-18, Bothwell 27 Nov-18) and therefore 
SAC data were further analyzed. Comparison of the SAC and ACE stream loads (both 
converted to the equivalent number of contributing septic systems) indicate that the 
temporal trends in ACE and SAC stream loads are generally similar (Figure A-5), although 
the average SAC loads are higher than the average ACE loads in Florence and Strathroy. 
This result is inconsistent with ACE being more persistent than SAC in the environment 
and suggests that there are additional sources of SAC in these subwatersheds. Unlike ACE 
for which the only major source is human wastewater, SAC is also found in pig feed 
(Buerge et al., 2011; Canadian Food Inspection Agency, 2018; Ma et al., 2017), and thus 
may be applied to agricultural fields via pig manure. Spikes in SAC loads observed during 
event flows in the Florence and Bothwell subwatersheds coincided with spikes in TP and 
NO3-N (Figures A-6, A-7), whereas comparative spikes in ACE loadings do occur but are 
much smaller in magnitude (Figure 3-4). This suggests that the high loads of SAC are likely 
due to manure runoff. Furthermore, the highest SAC loads occurred during event 
conditions where runoff is more likely and coincide with the timing of manure application 
on fields (i.e., Spring and Fall application) (Figure A-9). The presence of this additional 
source of SAC confounded our ability to use SAC stream loads in combination with ACE 
loads to help untangle the various pathways by which septic effluent is delivered to the 
stream.  
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Table 3-2: Factors influencing percentage of septic effluent reaching the 
subwatershed outlets (as determined by ACE loads). 
1 Temporal variation in ACE load within a single watershed  
 
 Seasonal / event-based changes in groundwater discharge to the stream 
(changing aquifer recharge / water table height / gradient toward stream)  
 Tile drain flow periods (misconnections and capture of subsurface septic 
plume) 
 Changes in longitudinal stream connectivity 
 Conditions favorable to surface seepage at septic tile bed and overland flow  
 ACE consumption patterns  
 Seasonal population changes 
2 Differences in ACE loads magnitude and trends between subwatersheds 
 
 Number of septic systems  
 Distribution of septic systems across subwatershed with respect to stream 
connectivity 
 Typical setback distances (distance between septic systems and stream 
reaches) 
 Travel time / path to outlet (possible ACE degradation losses) 
 Sediment type and topography (control transport paths and travel times) 
 Presence and distribution of agricultural tile drains 
 Stream order / stream network connectivity  
 Failure / misconnection rates (community practices for septic system 
maintenance; age of systems) 
 ACE consumption differences  
 Climate factors (affecting recharge, groundwater table) 
3.3.4 Factors Contributing to Difference in the Percentage of Septic 
Effluent Reaching Outlets Between Subwatersheds  
A number of factors may explain the different percentage of total septic effluent reaching 
the outlets between the subwatersheds (24%, 18%, and 5% for Florence, Bothwell, and 
Strathroy, respectively, as determined by the annual ACE stream loads). These factors are 
outlined in Table 3-2 and briefly explored here.  
The distance between a septic system and the nearest stream (i.e. setback distance) is 
expected to influence the amount of septic effluent reaching the stream due to the shorter 
subsurface and, if active, surface transport pathways. To explore this factor, the cumulative 
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percentage of the total septic systems as the setback distance increases was calculated based 
on the estimated locations of septic systems in the three subwatersheds (Figure 3-9). The 
results show that distribution of septic systems as a function of setback distance is similar 
for the Florence and Strathroy subwatersheds, but the cumulative percentage of septic 
systems with small setback distances (i.e., < 300 m) is lower for the Bothwell 
subwatershed. This may be due to a high proportion of septic systems in Bothwell (89%) 
being in an urban area. These results suggest that it is unlikely that differences in septic 
system setback distances account for the different percentage of total septic effluent 
reaching the outlets for the three subwatersheds. In fact, for the Florence and Bothwell 
subwatersheds, the average number of septic systems calculated to be contributing septic 
effluent to the stream (65 and 53 septic systems, respectively) compares well to the number 
of septic systems calculated to be located within 125 m of a stream (65 and 46, 
respectively). In contrast, the average number of septic systems calculated to be 
contributing septic effluent to the stream in Strathroy (6 septic systems) includes only 
septic systems located within 60 m from a stream. This suggests that the calculated 
differences in the percentage of septic effluent reaching the outlets between the three 
subwatersheds may be due to differences in the pathways via which septic effluent is 
reaching the streams and being transported through the stream systems.  
 
Figure 3-9: Cumulative percentage of septic systems within a given setback distance 
for the three study subwatersheds. Results are based on estimated locations of septic 
systems across the subwatersheds (Figure 3-3). 
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It is possible that the lower percentage of septic effluent reaching the outlet for the 
Strathroy subwatershed compared to the Florence and Bothwell subwatersheds is due to 
different surficial sediment type and drainage conditions. The density of agricultural tile 
drains is lower in the Strathroy subwatershed compared with Florence and Bothwell 
subwatersheds suggesting higher soil drainage conditions and/or a lower groundwater table 
in the Strathroy subwatershed (see Appendix A: Figure A-1). These conditions are 
generally associated with higher infiltration of septic effluent into the subsurface and less 
potential for septic system failure due to waterlogging and seepage at the septic tile beds. 
Furthermore, the lower density of agricultural tile drains in the Strathroy subwatershed 
means there is less potential for misconnections whereby septic tank outflow is directly 
diverted through agricultural tile drains or subsurface septic plumes are intercepted and 
short-circuited by agricultural tile drains.  
The distribution of septic systems across the subwatersheds may also influence the 
percentage of septic effluent reaching the subwatershed outlets. It is possible that more 
intermittent streams in the stream network may result in less ACE mass reaching the 
outlets. For instance, Florence has a higher density of septic systems close to the outlet (< 
1 km) compared to the other two subwatersheds, and silt is the primary surficial sediment 
type in this area. While speculative, it is possible that this may contribute to the highest 
ACE loading being observed at the Florence subwatershed pour point. Other factors such 
as septic system ages and maintenance practices, as well as ACE consumption patterns 
may also contribute to the calculated differences in the percentage of septic effluent 
reaching the outlets as determined by the ACE stream loads. Additionally, there could be 
sampling bias, as a slightly different number of base and event flows were captured for the 
three subwatersheds. Higher spatial and temporal resolution water quality sampling 
through the subwatersheds combined with household surveys are needed to better identify 
the factors contributing to the differences between the subwatersheds. 
3.3.5 Contribution of Septic Systems to Subwatershed Nutrient 
Loads  
TP and NO3-N concentrations and loads at the subwatershed outlets over the sampling 
period are provided in Appendix A (Figures A-6, A-7, and A-8 for Florence, Bothwell, and 
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Strathroy respectively). As explained in Section 3.2.4, it is assumed that all NH4-N and 
organic-N in the septic tank is converted to NO3-N as it is transported through the 
subwatershed to the outlets (Robertson, 2003; Robertson et al., 2016; Wilhelm et al., 1994), 
and therefore only NO3-N data is discussed here. As expected, TP and NO3-N stream loads 
varied considerably between sampling events with the average TP and NO3-N stream loads 
lower for baseflow conditions than when all stream flow conditions are considered (Figure 
A-10, A-11). Average TP annual stream loads calculated using Loadest (Section 3.2.4) are 
1638, 288, and 379 kg/yr for the Florence, Bothwell, and Strathroy subwatersheds, 
respectively (Table 3-4). The average calculated NO3-N annual stream total loads using 
Loadest were 110870, 31150, and 8060 kg/yr, respectively (Table 3-3). Similar to the ACE 
stream load calculations, it is important to note that these calculated TP and NO3-N loads 
likely underestimate the average annual loads for the subwatersheds as stream samples 
were not collected during all peak flow conditions (Lee et al., 2016).  
The average number of septic systems estimated to be contributing effluent to the 
subwatershed outlets as determined from the average ACE stream loads (65, 53, and 6 
septic systems for Florence, Bothwell, and Strathroy, respectively; Section 3-3-1) were 
used to calculate the maximum septic-derived TP and NO3-N load that could be reaching 
the outlets. This calculation assumes that TP and NO3-N behave similarly to ACE in the 
environment. As such the calculation represents the maximum possible septic-derived TP 
and NO3-N loads, as ACE is highly conservative whereas attenuation of TP and NO3-N is 
expected as they are transported from the septic systems to the streams and through the 
stream network. As described in Section 3.2.4, the daily TP and TN loads from a single 
septic system were calculated to be 5.7 x 10-3 kg/d and 3.8 x 10-2 kg/d, respectively. Using 
this approach and assuming all TN (including NH3-N and organic N) in the septic tank is 
converted to NO3-N (Robertson, 2003; Robertson et al., 2016; Wilhelm et al., 1994), annual 
NO3-N stream loads derived from septic systems may be up to 887, 723, and 82 kg/yr for 
the Florence, Bothwell, and Strathroy subwatersheds, respectively (Table 3-3). Comparing 
these maximum septic-derived loads with the measured stream loads, septic effluent may 
only account for up to 0.8%, 2.3%, and 1.0% of the total measured NO3-N stream loads for 
the three subwatersheds, respectively. The percent contribution of septic systems to the 
measured TP stream loads is considerably higher with the maximum septic-derived TP 
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loading calculated to be up to 8%, 39%, and 3% of the total measured TP stream load for 
the Florence, Bothwell, and Strathroy subwatersheds, respectively (Table 3-4). 
Considering baseflow conditions only, the percentage contribution of septic effluent to the 
measured TP loads is slightly higher for all subwatersheds (17%, 49%, and 5%, 
respectively). The estimated percentage contribution of septic effluent to the measured 
NO3-N stream loads considering only baseflow conditions remained low (1.9%, 4.4%, and 
1.2%, respectively). 
The calculations above assume that TP and NO3-N are conservative in the environment 
(i.e., behave similarly to ACE). While this assumption may be reasonable for NO3-N 
assuming no loss to denitrification and plant uptake, P has a high tendency to sorb to 
sediments and precipitate as phosphate minerals. Therefore, as explained in Section 3.2.4, 
an attenuation factor of 60% was applied to the septic-derived TP load to provide a more 
realistic estimation of the septic-derived P load reaching the subwatershed outlets. 
Considering this attenuation factor, it is estimated that only 3%, 16%, and 1% of the 
measured stream TP load is derived from septic systems for Florence, Bothwell, and 
Strathroy, respectively (Figure 3-4). It is important to note that here we apply the 
attenuation factor to all the septic-derived TP load; however the attenuation of P may be 
less for septic effluent that is delivered to the stream via overland flow, direct connections 
or misconnections / short circuiting by agricultural tile drains. As such there is a need to 
better quantify the pathways by which septic effluent is delivered to streams to more 
accurately refine septic-derived P loading estimates to tributaries. 
Comparing the results between the subwatersheds, the percentage contribution of septic 
effluent to the TP and NO3-N stream loads were consistently higher for the Bothwell 
subwatershed compared to the Florence and Strathroy subwatersheds. This may be due to 
the higher septic system density in the Bothwell subwatershed combined with lower 
agricultural land use, and thus lower agricultural nutrient loadings. This result highlights 
the potentially higher contribution of septic effluent to nutrient stream loads in rural 
urbanized areas compared with rural agricultural areas.  
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Table 3-3: Field-derived nutrient (TP, NO3-N) loads (kg/yr) at outlets for each 
subwatershed compared with calculated maximum nutrient loads derived from 
septic systems as determined from ACE loads. An attenuation factor of 60% is 
applied to the septic-derived TP load with the results given in brackets. 
Subwatershed Field-Derived Annual Loading  Maximum Septic-
Derived Load  
(60 % Attenuation 
for TP)  
All Flow Conditions Baseflow Conditions 
Only 
TP (kg/yr) 
Florence 1638 748 137 (55) 
Bothwell 288 232 112 (45) 
Strathroy 379 264 13 (5) 
NO3-N (kg/yr) 
Florence 110,870 45,620 887 
Bothwell 31,150 15,990 723 
Strathroy 8,060 6,930 82 
3.3.6 Worst-Case Septic-Derived Emerging Contaminant 
Concentrations  
Wastewater effluent is associated with various emerging contaminants of concern 
including hormones (estrone), analgesics (ibuprofen, acetaminophen), and antibiotics 
(sulfamethoxazole), and personal care products such as caffeine. As described in Section 
3.2.5, the percent dilution in the ACE concentrations from the septic tank to the stream 
outlet for each of the subwatersheds was used to calculate the worst-case stream 
concentration of different emerging contaminants. The results are shown in Table 3-4 
together with a comparison of the results with toxic indicator levels of EC50 and LC50 for 
specific organisms.  
The calculated maximum emerging contaminant concentrations derived from ACE stream 
concentrations all are below EC50 and LC50 for the literature examined (Table 3-4). 
Estrone EC50 for fish (78 ng/l) is the lowest concentration with toxic effects of the 
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emerging contaminants examined, and the estimated maximum septic-derived 
concentrations for all three subwatersheds are at least five orders of magnitude lower than 
this value. These results suggest that septic system effluent likely does not result in 
concentrations of concern for the emerging contaminants examined, especially considering 
many of these contaminants are likely attenuated as they are transported from the septic 
drainage field to the stream. However, further research into emerging contaminants in 
septic tank effluent, septic system plumes, and surface water is needed to better assess the 
contribution of septic systems to emerging contaminant concentrations in tributaries, 
especially if septic effluent from failing systems are reaching surface waters via direct 
connections or overland flows with little to no attenuation.  
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Table 3-4: Calculated worst-case maximum concentrations of emerging contaminants that could be attributed to septic 
effluent for the study subwatersheds. 
a-(TOXNET, 2014), b-(Du et al., 2016), c-(British Pharmacopoeia, 2013), d-(Minguez et al., 2014), e-(PubChem, 2019), f-(Kim et al., 2016), g-(Yang et al., 2016)
Emerging 
contaminant 
Average 
septic tank 
concentration 
(ng/L) g 
Estimated maximum 
concentration (ng/L) 
 
EC50 (ng/L) LC50 (ng/L) 
Florence Bothwell Strathroy 
Maximum ACE stream 
concentration relative to average 
septic tank concentration (%)  
0.12 0.27 0.05  
Caffeine 8.75 1.1 x 10-2 2.9 x 10-2 4.2 x 10-3 
Daphnia: 6.0 x 107 a Algae: >1.0 x 108 a 
Fish: 8.7 x 107 a 
Ibuprofen  7.37 9.0 x 10-3 2.0 x 10-2 3.5 x 10-3 
Daphnia: 7.0 x 105 b Daphnia: 4.0 x 106 b 
Fish: 1.7 x 1010 c 
Acetaminophen  0.52  6.4 x 10-4 1.4 x 10-3 2.5 x 10-4 
Algae: >1.0 x 107 d 
Daphnia: 1.1 x 106 b 
Daphnia: 5.3 x 106 b 
Estrone  0.06  7.4 x 10-5 1.6 x 10-4 2.9 x 10-5 Fish: 78.0 e Fish: >10 x 106 e 
Sulfamethoxazole 0.10  1.2 x 10-4 2.7 x 10-4 4.8 x 10-5 
Bacteria: 7.4 x 107 f 
Algae: 1.1 x106 d 
Daphnia: 9.8 x 107 d 
Fish: 5.6 x108 f 
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3.4 Conclusion 
This study used the artificial sweetener acesulfame (ACE) to quantify for the first time the 
percentage of septic effluent generated in a subwatershed that reaches the tributaries. For the three 
subwatersheds studied, the findings indicate that only up to 24% of septic effluent generated 
reaches the subwatershed outlet. The percentage of septic effluent reaching the outlets as 
determined from the ACE stream loads varied between the subwatersheds. Further, the ACE 
streams loads varied considerably between sampling events. The spatial and temporal variability 
in the ACE stream loads may provide important insight into the various pathways via which septic 
effluent is transported to the stream and through the stream network. More detailed sampling 
however is required to disentangle the various contributing transport pathways. Understanding 
these pathways including using ACE is needed to identify the role of functioning and failing septic 
systems in delivering effluent to the streams.  
Septic-derived nutrient loads calculated based on the ACE-derived septic effluent contributions to 
the stream indicated that, in the subwatersheds examined, septic systems likely account for only a 
small percentage of the subwatershed NO3-N loads (< 2.3%) but, considering 60% attenuation of 
TP in the subsurface, may account for as much as 16% of the subwatershed TP loads. The 
subwatershed with the highest percentage of TP calculated to be derived from septic systems was 
Bothwell, which has the highest rural urban area. As such, septic systems may be an important 
contributor of TP to tributaries particularly where there is a high density of septic systems 
associated with rural urban areas.  
This study shows that the use of the artificial sweetener acesulfame is a viable method to quantify 
septic system inputs to surface waters in subwatersheds no centralized WWTP. The findings of 
this study and future studies can be used to help to refine estimates of septic derived nutrient loads 
to tributaries and to revise regulations for the design and maintenance of septic systems, and 
therefore lessen the anthropogenic impact of septic systems on the environment.  
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Chapter 4  
4 Estimation of Phosphorus Loads from Septic Systems to 
Tributaries in the Lake Erie Basin using a Geospatial Model  
4.1 Introduction  
Excessive phosphorus (P) loading to inland waters can stimulate excessive plant growth leading 
to nuisance and harmful algal blooms, and in some cases hypoxic conditions. In recent years, 
deteriorating water quality and the proliferation of algal blooms in the Laurentian Great Lakes, 
particularly in Lake Erie, have been of considerable concern (DeFlorio-Barker et al., 2018; Jarvie 
et al., 2017; Jarvis, 2014). Algal blooms have serious ecological and economic consequences for 
the Great Lakes, as well as other inland waters worldwide (e.g., Domagalski and Johnson, 2011; 
Hiscock et al., 2003; Nyenje et al., 2014; Richards et al., 2016). For instance, algal blooms in Lake 
Erie are estimated to cost CAD $4.7 billion in economic losses and CAD $3.8 billion in ecosystem 
damages annually (Smith and McDougal, 2017). Damages are associated with, for example, 
reduced recreation and tourism activities, blockages of municipal and industrial water intakes, loss 
of fisheries, deterioration of fish and wildlife habitats, contaminating water supplies with algal 
toxins, and loss of species diversity (Phosphorous Reduction Task Force, 2012; Smith and 
McDougal, 2017).  
In recognition of the urgent need to decrease P loading to surface waters in the Lake Erie Basin, 
the Canadian and U.S. governments have recently committed to a 40% reduction in total 
phosphorus (TP) and soluble reactive phosphorus (SRP; readily bio-available P fraction) loading 
to the western and central Lake Erie Basin by 2025 (from 2008 levels; Environment and Climate 
Change Canada and Ontario Ministry of the Environment and Climate Change, 2018; USEPA, 
2016). Meeting these targets will be challenging due to the substantial use and occurrence of P 
across the Basin, as well as the complex behavior of P in the environment. However, on average 
Canadian (Ontario) tributaries (2003-2013) only account for 14.5% of the total Lake Erie Basin P 
load. United States tributaries are the largest contributor to P loads in the basin (75.8%), since 
atmospheric (5.9%) and Lake Huron (3.8%) inputs are also minor (Maccoux et al., 2016).  
Wastewater treatment plant (WWTP) effluent (4% of average Canadian P load (2003-2013)) and 
the application fertilizer and manure in agriculture are generally considered the main sources of 
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elevated P loads to Lake Erie (Ontario Ministry of the Environment and Climate Change, 2018). 
As such, in recent years, considerable resources have focused on improving WWTP technologies 
to reduce P effluent concentrations, and in implementing agricultural best management practices 
(e.g., riparian zone buffers, tillage practices, fertilizer applications, erosion control structures, 
cropland drainage controls). Despite these efforts, P loading, particularly SRP loading, to Lake 
Erie continue to increase (EPA US, 2015; Gérard-Marchant et al., 2005; Jarvie et al., 2017; Ontario 
Ministry of the Environment and Climate Change, 2018; Sharpley, 2001). This is a concern as 
SRP is the bioavailable P fraction that stimulates plant, including algal, growth. Therefore, to meet 
SRP reduction targets, scientific understanding of all contributing sources and transport pathways 
by which P is delivered to tributaries is required, most notably diffuse sources with a high ratio of 
SRP to TP. One such source that remains poorly quantified is septic systems. 
Septic systems are onsite wastewater systems that are used in areas not serviced by centralized 
WWTPs. Functioning septic systems release partially treated wastewater into the unsaturated zone 
below a drainage tile bed. Over time, nutrient-rich septic effluent may migrate through the 
unsaturated zone to the water table where it can then be transported down-gradient to adjacent 
surface water (Figure 4-1). While the actual number and distribution of septic systems across 
Ontario is not currently documented, the number of septic systems in Great Lakes Basin is 
increasing with approximately 25,000 new or replacement septic systems installed yearly in 
Ontario (Council of Canadian Academies, 2009). Further, it is estimated that approximately 20% 
of septic systems have excessive nutrient (P and nitrogen (N)) loading into the subsurface due to 
poor design, poor maintenance, and inappropriate site conditions (Council of Canadian 
Academies, 2009; International Joint Commission, 2011). Poorly functioning systems can also 
have seepage to surface of untreated or partially treated wastewater around the septic tile beds. 
This occurs due to overloading of the septic tank or saturated conditions around the septic tile beds 
and can lead to septic effluent being transported to nearby surface waters via overland pathways 
(Karathanasis et al., 2006; Mallin, 2013). Illegal connections whereby a septic tank is directly 
connected to a surface water body or to an agricultural tile drain are also known to occur (Dunk et 
al., 2008; Withers et al., 2014). In addition, the transport of septic effluent via groundwater to 
adjacent surface water may be intercepted and short-circuited by drainage ditches and agricultural 
tile drains. 
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It is often thought that P is not overly mobile in the subsurface, including down-gradient of septic 
tile beds. This is because SRP, generally present as orthophosphate (PO4-P) and the main form of 
P in groundwater, tends to be immobilized by sorption and precipitation processes. However, there 
is increasing evidence showing P can be mobile in the subsurface, including below (unsaturated 
zone) and down-gradient (saturated zone) of septic tile beds that under certain hydrogeological 
and geochemical conditions (e.g., Lusk et al., 2011; Mechtensimer and Toor, 2017; Robertson et 
al., 2016; Roy et al., 2017).  
 
Figure 4-1: Schematic of a septic system plume with main geochemical processes in 
unsaturated and saturated zone shown. Double-sided arrows indicate a reversible process. 
A number of field studies have investigated the transport and attenuation of P in septic plumes in 
the subsurface down-gradient of individual well-functioning septic systems (e.g., Lusk et al., 2011; 
Robertson et al., 1998; Robertson, 2008; Wilhelm et al., 1994) or down-gradient of clusters of 
septic systems (e.g., Spiteri et al., 2007). The mobility of P in septic plumes depends on a wide 
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range of environmental and operational factors including depth to water table, wastewater loading 
rate, treatment in the septic tank, and the physical and geochemical characteristics of the sediment 
below and down-gradient of the septic tile beds (e.g., Lusk et al., 2017; Robertson, 2008; Wilhelm 
et al., 1994; Zanini et al., 1998). Effluent from septic tanks is typically acidic with high 
concentrations of N and P. While P concentrations in septic tank effluent are high (i.e., 1 - 22 mg 
P/L (McCray et al 2005; Gold and Sims 2000)), attenuation of P can be substantial in the first 1 - 
2 m below the tile beds in the unsaturated zone (Robertson et al., 2019). Most P in septic effluent 
is present as SRP. Attenuation of SRP in the unsaturated zone occurs by two main processes: 
adsorption onto cations and other positively charged materials (i.e., Fe3+, Mn4+ and Al3+ (hydr)-
oxides, and clay particles) (McCray et al., 2005; Ptacek, 1998; Robertson, 2008; Zanini et al., 
1998), and mineral precipitation (Robertson, 2008). Precipitation of phosphate minerals, such as 
strengite (FePO₄·2H₂O), variscite (AlPO₄·2(H₂O)), hydroxyapatite (Ca5(PO4)3(OH)) and vivianite 
(Fe3(PO4)2·8H2O), is considered to be the dominant attenuation process in the unsaturated zone 
below tile beds (Robertson et al., 2013). While P attenuation in the unsaturated zone is complex, 
the amount of acidity generated by the septic effluent and degree of calcareousness (calcareous 
soil classified here as >1% weight CaCO3 equivalent) of the soil are key controls (Gill et al., 2009; 
Robertson, 2003; Robertson et al., 2019). The buffering capacity of calcareous sediment allows it 
to maintain near neutral pH levels despite the acidity of the septic effluent, which reduces the 
tendency of phosphate minerals to precipitate. As a result, there is less P attenuation in calcareous 
sediment compared to non-calcareous sediment. A review of field data characterizing septic 
plumes from well-functioning systems showed that 97% of P was removed within 10 m of the 
septic tile beds at sites located in areas with non-calcareous sediment compared to only 73% at 
sites located in areas with calcareous sediment (Robertson et al., 2019). Importantly, the majority 
of surficial sediments in the Ontario Lake Erie Basin are calcareous due to the contribution to 
glacial materials from underlying limestone and dolostone bedrock formations (initially created 
via the deposition of calcareous skeletons of marine creatures in shallow, tropical seas of the 
Cambrian to Devonian times (Frizzel et al., 2011; Singer et al., 2003)). As such, some migration 
of P in the subsurface down-gradient of septic systems in the Lake Erie Basin is to be expected.  
Once in the saturated zone, precipitation of phosphate minerals is generally less important and 
reversible sorption reactions are thought to control the rate of subsurface P transport (Lusk et al., 
2017; Lusk et al., 2011; Robertson et al., 1998). Extensive field research conducted by Robertson 
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(1998; 2003; 2006; 2016) has shown that P in septic plumes can migrate in calcareous saturated 
sediment at a sufficient rate to be of concern over extended time periods. Robertson (1998) found 
that in silt- and clay-rich sediment P transport is slower than within sand and gravel sediment due 
to slower groundwater velocity, even with similar magnitude retardation factors (Robertson et al., 
1998). In calcareous sand and/or gravel sediment with high groundwater velocity, P transport 
down-gradient of septic systems has been shown to range from 1 - 2 m/yr (Robertson et al., 2019). 
Consistent with this, P plumes have been shown to be considerably smaller in length (< 3 m) in 
noncalcareous sediment compared to calcareous sediment where longer P plumes, extending up to 
100 - 200 m down-gradient of septic tile beds, have been observed (Robertson et al., 1998; 
Robertson, 2003; Roy et al., 2017). Additionally, Iverson et al., (2018) showed that subwatershed 
P loads were 5 - 10 times higher in subwatersheds with high septic system density compared to 
subwatersheds with low septic system density. 
While the studies above focus on the subsurface transport of septic effluent down-gradient of 
functioning septic systems, there is less understanding of the contribution of P from septic effluent 
to surface waters. Withers et al., (2014) reported considerably higher P loads in streams 
immediately downstream of areas with high septic system density, with the decommissioning of 
these systems resulting in a 66% decrease in stream P concentrations. This vast decrease in a short 
time period (<5 years) indicates the potential for failing inputs. It is possible poorly performing or 
failing systems may account of the high P loads in these streams, but the contribution of poorly 
performing or failing systems to stream P loads is not well quantified. In Chapter 3, the artificial 
sweetener acesulfame (ACE) was used to estimate the percentage of total septic effluent generated 
in three subwatersheds in the Lake Erie Basin that reached their respective tributaries. ACE is an 
excellent tracer for human wastewater, and in areas not serviced by WWTPs, to indicate inputs 
from septic systems (e.g., Robertson et al., 2016; Snider et al., 2017; Spoelstra et al., 2013; 
Richards et al., 2016). In Chapter 3, field data analysis indicated that 5 - 24% of the total septic 
effluent generated in the subwatersheds reached the tributary. Further, strong correlation between 
ACE stream loads and stream discharge suggested that surface pathways, short-circuiting of 
subsurface plumes, and illegal pipe connections may be important for delivering septic effluent to 
tributaries.  
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A number of studies have estimated P loading from septic systems to surface waters using 
computational geospatial models that have been validated with field data. These include GWLF 
and AVGWLF (Evans et al., 2001), WARMF (Geza et al, 2010), LCM (Paterson et al., 2006), and 
SWAT with POWSIM (Sinclair et al., 2014). While most of these models estimate P loadings from 
septic systems using a spatially lumped approach across a watershed area, POWSIM (Sinclair et 
al., 2014) considers the spatial distribution of septic systems across the watershed as well as 
subsurface P transport and attenuation processes. While POWSIM was found to perform well for 
a 6.6 km2 subwatershed (< 100 septic systems), the input parameters for this model including 
permeable soil depth, hydraulic conductivity, and depth to water table are generally not available 
for large scale model application (i.e. across the Lake Erie Basin). Other models such as ArcNLET 
(Wang et al., 2013; Zhu et al., 2015), and VZMOD (Wang et al., 2013) have also considered the 
spatial distribution of septic systems in estimating nutrient loadings to surface waters; however, 
these geospatial models simulate N transport and attenuation processes only (not P loads). To our 
knowledge, there is currently no model available that estimates septic-derived P loading to 
tributaries at a basin-wide scale that considers the spatial location of septic systems relative to 
tributaries. As it is not possible for a large-scale model to incorporate the complex flow and 
reaction processes that govern the transport of P from the septic tile beds to adjacent tributaries, a 
simplified approach based on robust assumptions and state-of-the-art science is needed.  
The objective of this study is to estimate the loading of P from septic systems to tributaries in the 
Ontario Lake Erie Basin through development and application of a geospatial modeling tool. A 
tool to spatially locate individual residential septic systems in the Ontario Lake Erie Basin using 
geospatial techniques and publicly available datasets is first developed and tested. This tool 
together with a P load model is then tested and refined for three subwatersheds in the Lake Erie 
Basin where the percentage of septic effluent reaching the tributaries was estimated via field data 
analysis in Chapter 3. The model is applied across the Ontario Lake Erie Basin. The findings from 
this study provide important insight into the contribution of septic systems to P tributary loads in 
the Great Lakes Basin, specifically for the Ontario Lake Erie Basin, as required to inform policy 
and management actions aiming to decrease P tributary loads and meet P reduction targets. 
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4.2 Methodology 
The geospatial model developed for estimating P loading from septic systems to tributaries consists 
of two components: (i) a module for automatic spatial placement of individual septic systems 
across a watershed, and (ii) a module to estimate P loading from septic systems to tributaries. The 
model was first tested and refined through its application to three ‘test’ subwatersheds in the Lake 
Erie Basin before it was applied across the entire Ontario-portion of the basin. The three ‘test’ 
subwatersheds are herein named based on proximity to the closest towns (Florence, Bothwell, and 
Strathroy; Figure 4-2). These subwatersheds were selected because they are not serviced by a 
centralized WWTP and land use within the subwatersheds varies between agricultural to urban. 
Additional criteria used in selecting these subwatersheds are provided in Table B-1 in Appendix 
B. These subwatersheds were also the focus of detailed field investigations that aimed to quantify 
the fraction of total septic effluent generated in a subwatershed that reaches the tributary (Chapter 
3). Florence (76 km2), Bothwell (14 km2), and Strathroy (24 km2) have primarily agricultural land 
use (80 - 90%) with forest covering approximately 5 - 10% of the land area. Bothwell has the 
highest urban/residential land use (20%), whereas Florence and Strathroy have the lowest (≤ 5%). 
The major surficial geology in all three subwatersheds is sandy deposits.  
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Figure 4-2: Locations of three ‘test’ subwatersheds (Florence (F), Bothwell (B) and 
Strathroy(S)) in the Lake Erie Basin that were used for the initial testing of the automated 
septic system placement and P loading models. The surficial sediment type (data from OGS 
(2003)) and areas serviced by centralized WWTPs (MNRF, 2016) are also shown. The inset 
map on the upper right shows the location of the Ontario Lake Erie Basin within the Great 
Lakes Basin. 
4.2.1 Model Development 
4.2.1.1 Septic System Placement Model 
Automated spatial placement of septic systems is the first step required to estimate P loading from 
septic systems to tributaries as it provides information on the total number of septic systems in a 
subwatershed and the distance between an individual septic system and a tributary (herein referred 
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to as the setback distance). An automated septic system placement module was developed in 
ArcGIS that uses publicly available geospatial data to geographically identify residential land 
parcels with septic systems. Only residential land parcels with septic systems were identified as 
the P load calculations consider the amount of P produced per person and therefore considering 
commercial and industrial land use parcels would introduce added uncertainty in loadings due to 
the variability of loading and water usage in larger buildings and/or seasonal locations (e.g., 
schools, office buildings, restaurants). In order to include commercial and industrial septic systems 
accurately in the model estimate, exact locations and potential loading estimates for these type of 
locations would have to be examined. Differentiating these locations at the basin scale would be 
challenging, and as such loadings for these locations are not attempted. Without the inclusion of 
these septic systems in the model, the overall loading for septic systems in the basin may be 
underestimated to a small degree. Combinations of approximately 20 datasets were tested to 
determine the most accurate method for identifying residential land parcels with septic systems 
(Appendix B, Tables B-3 and B-4). The accuracy of the automated placement module using 
different datasets was evaluated by applying the automated module to the three ‘test’ 
subwatersheds and comparing the module output to the locations of parcels identified to have a 
septic system using a more time-intensive manual placement method. Parcels with septic systems 
were manually identified in the three subwatersheds using 0.2 m resolution imagery from the South 
Western Ontario Orthoimagery Project (MNRF, 2015) and property boundaries (parcels) from the 
Teranet POLARIS dataset (Teranet, 2014). When manually placing septic systems, it was assumed 
that all residential parcels (i.e., house observed in SWOOP imagery) outside WWTP serviced areas 
have one septic system. The Building as Symbol layer (MNRF, 2013) was also used to help guide 
the manual placement.  
The accuracy of the automated placement model was quantified using two performance metrics. 
First, the total number of septic systems in a subwatershed (or a given area) calculated using the 
automated model and the manual method was compared: 
% Estimation =
Total number of septic systems (automated model)
Total number of septic systems (manual method)
x 100                   [Eq. 1] 
A % Estimation greater than 100% indicates that the automatic placement model overpredicts the 
total number of septic systems in the subwatershed compared to the manual placement method. As 
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this metric does not indicate the accuracy of the model in correcting identifying parcels with septic 
systems, the percentage of parcels that the automated method correctly identifies as having a septic 
system (i.e. number of parcels identified to have a septic system using both the manual method 
and automated model) was also calculated:  
   % Correctly identified=
Number of parcels correctly identified by automated method to have a septic system 
Total number of septic systems (manual method)
x 100     
            [Eq. 2] 
The automated placement methodology for which both metrics were closest to 100% was then 
subject to validation. First, the selected methodology was validated on four randomly selected 
areas within the Lake Erie Basin for which individual parcels with a septic system were identified 
using the manual placement method (Appendix B Figure B-3). Second, the automated placement 
module was validated by comparing model output to residential land-use bylaw data from various 
municipalities across the Ontario Lake Erie Basin. Areas with bylaw data are shown in Figure B-
5 in Appendix B. Due to the incomplete coverage of bylaw data (only covers urban residential and 
not agricultural residential areas) only the “%Correctly identified” metric [Eq. 2] was calculated 
when validating the placement module against the bylaw data. The final validated automated 
placement methodology was then applied across the Ontario Lake Erie Basin to identify parcels 
with septic systems.  
4.2.1.2 Septic System P loading model 
A steady state model and a transient model were developed to estimate P loading from septic 
systems to tributaries based on the placement of individual septic systems and their location 
relative to adjacent tributaries. The steady state model provides a worst-case estimate of P loadings 
from septic systems to tributaries by assuming no delay in the transport of P from the septic tile 
beds to the adjacent tributary. Though this could be slightly underestimating as high flows were 
not sampled when classifying the input of effluent to surface waters. Using the steady state 
assumption, three methodologies were used to estimate the P loading from septic systems. First, 
the maximum possible septic-derived P loading to the tributary for a given area or subwatershed 
was calculated by summing the P loads from each septic system using: 
Max P Load (
kg
yr 
) = ∑ (Effluent P Load (
kg
yr person
) *Average Household Population)           [Eq. 3] 
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where the annual septic effluent P load was taken to be 0.81 kg P/person/yr based on a median TP 
concentration (10 mg/L P) in septic tank effluent in single-family residences (Lowe et al., 2007; 
Lusk et al., 2011) and an average indoor household water usage of 221.8 L/day/person (Gauley 
Associated Ltd., 2016). The average household population was determined at the municipal scale 
using 2016 Census data (Statistics Canada, 2016), and the total number of septic systems in a given 
area was calculated using the automated septic system placement model (Section 4.2.1).  
One of the key assumptions inherent in the use of Equation 3 to estimate septic-derived P loads is 
that all effluent from all septic systems is transported to the adjacent tributary, rather than being 
intercepted by another surface water feature (e.g., pond), vegetation, or pumping well, or being 
transported to a deeper aquifer system. To address this limitation, the steady state model was 
refined based on the field results presented in Chapter 3 for the three test subwatersheds (Florence, 
Bothwell, and Strathroy). Details of the field data and analysis are explained in Chapter 3, but 
briefly, analysis of the artificial sweetener ACE indicated that on average 24, 18, and 5% of the 
total septic effluent generated in the Florence, Bothwell, and Strathroy subwatersheds, 
respectively, reached the tributary outlets. Based on these results, the steady state maximum P 
loading estimate (as calculated using Eq. 3) was first refined by assuming that only 24% of total 
septic effluent generated in a given area reaches a tributary. Note that the percentage for Florence 
was used as this was the highest percentage and therefore provides an upper bound on the amount 
of septic effluent that may reach a tributary. This P load estimation method is referred to as “ACE 
standardized”.  
The percentage of septic effluent that reaches a tributary from an individual septic system is 
expected to be a function of the setback distance. In Chapter 3, it was estimated based on ACE 
stream loads that on average 65, 53, and 6 septic systems contribute effluent to the tributary in 
Florence, Bothwell, and Strathroy, respectively. This corresponds well with the number of septic 
systems manually identified within 125 m of a tributary for Florence and Bothwell (65 and 46 
septic systems), and within 60 m of a tributary for Strathroy (6 septic systems). As the average 
setback distance varies between watersheds across the Lake Erie Basin, rather than simply 
applying a set export factor (i.e., 24% of the total septic effluent reaches the tributary), the total P 
loading model was also refined by assuming that only septic systems with a setback distance less 
than or equal to 125 m contribute septic effluent to a tributary. Again, the higher setback distance 
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(125 m) calculated for the three subwatersheds was used in refining the P loading model so that 
the results provide an upper bound on the amount of septic effluent that may reach a tributary. This 
P load estimation method is referred to as “125 m setback”. 
The two model refinements described above are based on measured ACE stream loads in the three 
test subwatersheds (Chapter 3). Unlike P, ACE is conservative in the environment including in the 
subsurface. To account for the non-conservative behaviour of P, the P loading model was further 
refined by applying an attenuation factor for P. Without an attenuation factor considered, all inputs 
would be from failing systems. A recent synthesis of subsurface septic plume data indicates that 
for 13 systems installed in calcareous sediment areas (sand, silt, and till) in Ontario, on average 
73% of P in septic effluent is attenuated in the subsurface within 10 m of the septic tile beds by 
precipitation of phosphate minerals (Robertson et al., 2019). Based on this data synthesis, to 
estimate P inputs from properly functioning septic systems a 73% P attenuation factor was applied 
to further refine the septic-derived P loads estimated using the three steady state modeling 
approaches described above. It should be noted that while retardation of P by adsorption processes 
occurs in the saturated zone further down-gradient (> 10 m) of the septic tile beds, this retardation 
does not permanently remove P from the subsurface (only delays its transport to the tributary) and 
therefore was not accounted for in the steady state model.  
As mentioned above, the steady state model assumes all P in septic effluent is instantaneously 
delivered from a septic system to a tributary. This does not account for the retardation of P in the 
subsurface and slow groundwater travel times. To address this, a transient model was developed 
that considers the time for P to be transported via groundwater flow from a septic tile bed to the 
adjacent tributary. While the installation year for septic systems varies across the Ontario Lake 
Erie Basin, the transient model assumes all septic systems were installed in 1940 as this is when 
septic systems became popular in Ontario (Estrin and Swaigen, 1993; Rutty and Sullivan, 2010). 
In the transient model, P loading from each septic system is simulated as a continuous source with 
a loading rate of 0.81 kg P/yr/person when no P attenuation is considered, and 0.22 kg P/yr/person 
when a 73% P attenuation factor is considered. The average number of people per household, 
determined using census data for the major watersheds (Statistics Canada Government of Canada, 
2011), was used to calculate the P loads from each septic system. The transient model assumes 
each individual septic plume is transported directly (shortest path) to the closest tributary. As 
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described in Section 4.1, a compilation of multiple field studies by Robertson et al., (2016) showed 
that due to retardation (sorption) processes P transport in septic plumes typically varies from 1 – 
2 m/yr regardless of the shallow groundwater flow velocity. Therefore, the transient model 
assumes that P is transported from each septic system to the closest tributary at a rate of 1 – 2 m/yr 
to consider the high and low range of transport velocities. Note that the transient model assumes 
that all septic effluent reaches the tributary via subsurface transport rather than more rapid 
pathways including illegal pipe connections and overland surface flows (i.e. if septic tile beds 
become waterlogged and infiltration is reduced), and therefore may underestimate the actual 
loading. 
The steady state and transient P loading models were first applied to the three test subwatersheds 
with the model results compared with subwatershed P loads determined from field measurements 
(details of field measurements are provided in Chapter 3). Following this, the models are applied 
to estimate P loads from septic systems to tributaries for watersheds across the Ontario Lake Erie 
Basin. These estimates are compared with reported watershed P tributary loads to quantify the 
relative importance of septic systems as a source of P.  
4.3 Results and Discussion  
4.3.1 Model Development and Application at Subwatershed Scale  
4.3.1.1 Automated Septic System Placement Model 
Using the manual placement method, the subwatersheds Florence, Bothwell, and Strathroy are 
estimated to have 272, 298, and 122 septic systems, respectively (Figure 4-3). Bothwell has 89% 
of its septic systems in an urban area. In comparison, only 49% of septic systems in Florence are 
in an urban area (adjoins Bothwell urban area), and in Strathroy there is no urban area. The 
automated placement methodology found to perform the best based on the two performance 
metrics (%Estimation [Eq.1], and %Correct [Eq.2]) described in Section 4.2.1, uses the land use 
classification 203: built-up area impervious (i.e., residential, commercial, industrial, and civic 
areas) in the Southern Ontario Land Resource Information System dataset (SOLRIS, V.2 (MNRF, 
2011)), and the building as symbol dataset (MNRF, 2013). The specific methodology implemented 
in the automated placement model is provided in Appendix C. Using this methodology, the total 
number of septic systems was overestimated relative to the manual placement method for Florence 
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and Bothwell (% estimation = 136% and 138%, respectively) and underestimated for Strathroy (% 
estimation = 85%; Table 4-1). Of the individual parcels identified to have a septic system using 
the manual method, 90%, 98%, and 83% of the parcels in Florence, Bothwell, and Strathroy, 
respectively, were correctly identified using this automated placement methodology. Results for 
different automated placement methodologies tested are provided in Appendix B (Table B-3, 
Figure B-2). Validation results for application of the automated placement model to four randomly 
selected areas in the Lake Erie Basin and application in areas with available residential by-law 
data are also provided in Appendix B (Table B-3, Figure B-2, B-3, B4).  
 
Figure 4-3: Estimated placement of septic systems in the test subwatersheds using the 
manual placement method. The subwatershed outlets and surficial geology (OGS, 2003) are 
also shown. 
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Table 4-1: Results of automated septic system placement model using selected methodology 
for the three test subwatersheds. Details on the performance metrics used are provided in 
Section 4.2.1. 
Location 
Number of 
Manually 
Placed 
Septic 
Systems 
Number of 
Automated 
Placed Septic 
Systems 
Correctly 
Placed 
Septic 
Systems 
% Estimation 
% 
Correct 
Florence  272 370 246 136 90 
Bothwell  298 411 291 138 98 
Strathroy  122 104 101 85 83 
A comparison of the manually and automatically placed septic systems across the test 
subwatersheds shows that areas with high septic system density compare well between the two 
placement methods (Figure 4-4). Note that using the manual placement approach, septic systems 
are more linearly aligned across the subwatersheds as many houses and therefore septic systems 
are located near roadways. For the automated placement method, septic systems are placed 
randomly in the parcel area after septic system zoning regulations are met (i.e., no septic system 
may be within 3 m of a property line or 15 m from surface water (Davidson et al., 2010; 
Government of Ontario, 2018); Appendix C). In comparing the total number of estimate septic 
systems from the automated placement method with the manual placement results, the automated 
placement was found to perform similarly in urban areas (% Estimation = 117% and 127% for 
Florence and Bothwell, respectively) compared with rural agricultural areas (% Estimation = 119% 
and 137% for Florence and Bothwell, respectively) (Appendix B, Table B-5). However, for the 
automated placement the number of parcels correctly identified to have a septic system was 
slightly higher in urban areas (% Correct = 94% and 97% for Florence and Bothwell, respectively) 
compared to rural agricultural areas (% Correct = 82% and 77% Florence and Bothwell, 
respectively).  
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Figure 4-4: Comparison of the density of septic systems placed in the test subwatersheds 
Florence and Bothwell (left), and Strathroy (right) using the manual placement method 
(top) and the final automated placement model (bottom). 
The distance between a septic system and adjacent tributary (i.e. setback distance) is an important 
spatial parameter in using the individual septic system placements to estimate septic-derived P 
loads to the tributary. Comparison of the cumulative number of septic systems within a given 
setback distance for the three subwatersheds using the manual and automated placement 
approaches are shown in Figure 4-5. Similar to the overall performance of the automated 
placement method, the method overestimates the number of septic systems within a given setback 
distance for the Florence and Bothwell subwatersheds, but underestimates the number of septic 
systems within a given setback distance for Strathroy. However, considering small setback 
distances (e.g. septic systems within 125 m of a tributary) the automated model overestimates the 
total number of septic systems by only 3% and 19% for Florence and Strathroy, respectively, and 
underestimates by 7% for Bothwell. Considering the limitations in the availability of publicly 
available datasets suitable for application across the Ontario Lake Erie Basin, the performance of 
the automatic placement model in identifying parcels with septic systems is deemed satisfactory. 
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If new relevant publicly available basin-wide datasets become available, the model could be 
updated and improved as needed.  
 
Figure 4-5: Cumulative number of parcels with a septic system as a function of setback 
distance as determined using the manual placement method (solid line) and the automated 
placement model (dashed line). 
4.3.1.2 Septic System P Loading Model  
4.3.1.2.1 Steady-State Loading Model 
As outlined in Section 4.2.1.2, several approaches are used to estimate the septic-derived P load 
for each subwatershed and in doing so a range of septic-derived P load estimates are provided. The 
septic-derived P loading results using the different estimation methods for the three subwatersheds 
and using the manual and automated septic system placement results are provided in Figure 4-6. 
Septic-derived P loadings using the manually-placed septic systems compare well with those 
derived using septic systems placed using the automated placement model. The difference between 
the P loading results is to be expected considering that the automated placement model 
overestimated the total number of septic systems in Florence and Bothwell, and underestimated 
the total number in Strathroy, relative to the manual placement method. The smallest difference 
between septic-derived P loads determined using the automated and manually placed septic 
systems was for the P load estimation where only septic systems within 125 m of a tributary are 
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considered to deliver septic effluent to the tributary (4, -6, and 9 kg/yr difference for Florence, 
Bothwell, and Strathroy, respectively). This is consistent with Figure 4-5 which shows that the 
number of septic systems with a setback distance less than 125 m compared well between the 
automated placement model and manual method.  
 
Figure 4-6: Steady state septic-derived P loads for manual and automated (Auto) septic 
system placements considering the different P load estimation methods for the three test 
subwatersheds (F – Florence, B – Bothwell, S – Strathroy). The horizontal line in each bar 
indicates the P load assuming 73% attenuation of P as it is transported from the septic tile 
beds to the tributary (F-Florence, B-Bothwell, and S-Strathroy). 
The subwatershed P loads for Florence, Bothwell and Strathroy were calculated in Chapter 3 using 
field data to be 1638, 288, and 379 kg/yr, respectively. It is important to note that these estimates 
do not include high flow events, so the average yearly P load is likely underestimated. Comparison 
of these subwatershed P loads with the calculated maximum septic-derived P loads (676, 804, and 
219 kg/yr for Florence, Bothwell, and Strathroy, respectively, using the automated placement 
method, no attenuation), indicates that septic systems may account for a maximum of 41%, 279%, 
and 173% of the total subwatershed P load for Florence, Bothwell, and Strathroy, respectively 
(Table 4-2 and B-7). The percentage contribution of septic systems to the subwatershed P loads is 
thought to be highest in Bothwell, compared to Florence and Strathroy, due to the high density of 
septic systems in the urban area combined with less agricultural land use. While the maximum 
septic-derived P loads are not realistic as they assume all septic effluent reaches the tributary with 
no P attenuation, they do indicate the potential importance of septic systems as a P source and 
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highlight the urgency to better understand the fate and transport of septic-derived P through a 
watershed.  
The percentage contribution of septic systems to the subwatershed P loads are considerably 
reduced when the septic-derived P loads are refined using the ACE standardized method and 
method whereby only septic systems with a setback distance less than 125 m are considered. The 
ACE standardized P loads represent 10%, 67%, and 14% of total subwatershed P loads for 
Florence, Bothwell, and Strathroy, respectively. Similarly, considering only septic systems within 
125 m setback distance, the septic-derived P loads represent 9%, 32%, and 14% of total 
subwatershed P loads, respectively. The different percentage contribution for Bothwell using these 
two approaches (i.e., 32% compared to 67% for Bothwell) is due to the spatial distribution of septic 
systems close to the tributary in Bothwell. When these septic-derived P estimates are further 
refined by considering a 73% P attenuation factor, the potential contribution of septic systems to 
the total subwatershed P load decreases to 3%, 18%, and 4% using the ACE standardization 
method, and 2%, 9%, and 4% using the 125 m setback distance method for Florence, Bothwell, 
and Strathroy, respectively. The refined septic-derived P load estimates that consider P attenuation 
in the subsurface indicate that while septic systems are likely not the major contributor to the 
subwatershed P loads, septic-derived P loads may be important, particularly in subwatersheds with 
rural urban areas.   
4.3.1.2.2 Transient Loading Model  
The transient P loading model results indicate that septic systems represent a legacy P issue with 
septic-derived P loads to tributaries expected to increase over time even if no new septic systems 
are installed (Figure 4-7). The transient model results shown in Figure 4-7 are based on the 
locations of individual septic systems as determined using the automated placement model. The P 
loading results are similar when the transient model uses the locations of septic systems determined 
using the manual method. Discrepancies in the results are consistent with the over- and under-
estimation of septic systems within a given setback distance as shown in Figure 4-5 (results shown 
in Appendix B). For the transient model, P loading from septic systems to the subsurface was 
assumed to begin in 1940 (Estrin and Swaigen, 1993; Rutty and Sullivan, 2010) and no direct 
inputs or failures were considered. As a result, no septic-derived P reaches the tributary until after 
1947 due to the minimum required setback distance of 15 m (maximum P transport rate of 2 m/yr). 
91 
 
As some septic systems in the subwatersheds would have be installed after 1940, the transient 
model estimates are expected to overestimate current septic-derived P loads to the tributary. 
Considering P transport rates of 1 and 2 m/yr, only septic systems with setback distances less than 
80 m and 160 m, respectively, are currently (at year 2020) contributing P to the tributary. As such 
the steady state model results where only septic systems within 125 m setback distance contribute 
P load to the tributary are within the range of P loads predicted by the transient model for 2020 
(Table 4-2). Comparing the transient model results for 2020 with the measured subwatershed P 
loads suggests that septic systems may be contributing up to 4 - 12%, 15 - 44%, and 7 - 16% of 
the subwatershed P load for Florence, Bothwell and Strathroy, respectively, or when 73% P 
attenuation is considered 1 - 3%, 4 - 12%, and 2 - 4%, respectively.  
 
Figure 4-7: Septic-derived P load using septic systems automatically placed across the 
Florence (blue), Bothwell (orange), and Strathroy (orange) subwatersheds assuming P 
transport rate of 1 m/yr (dashed line) and 2 m/yr (solid line) between each septic system 
and adjacent tributary. It was assumed all septic systems were installed, and therefore P 
transport started in 1940. Note that no septic-derived P reaches the stream until after 1947 
due to the minimum required setback distance of 15 m. 
0
50
100
150
200
250
300
1945 1960 1975 1990 2005 2020 2035 2050
M
ax
 P
 L
o
ad
 (
kg
/y
r)
Year
Florence
Bothwell
Strathroy
F_1m/yr
92 
 
Table 4-2: Total field-derived P tributary loads for the three test subwatersheds 
(calculations provided in Chapter 3) compared with septic-derived P loads calculated using 
the steady state and transient P loading models combined with the automated septic system 
placement model. Septic-derived P loads assuming 73% attenuation of P between the septic 
system and tributary are provided in brackets. 
Loading Estimation Method 
Automated Septic System Placement 
Florence  Bothwell  Strathroy 
Number of septic systems 321 382 104 
Number of septic systems 
with setback < 125 m 
67 43 25 
Measured Field Loads (kg/yr P) 
Field-derived P Load  1638 288 379 
Steady State Loads (kg/yr P) 
Max load  676 (183) 804 (217) 219 (59) 
ACE standardized  162 (44) 193 (52) 53 (14) 
125 m setback  141 (38) 91 (25) 53 (14) 
Transient Loads for Year 2020 (kg/yr P) 
1 m/yr  72 (19) 43 (12) 28 (8) 
2 m/yr 202 (55) 127 (34) 61 (16) 
4.3.2 Application to Lake Erie Basin 
4.3.2.1 Septic System Placement Results  
Application of the automated septic system placement model across the Ontario Lake Erie Basin 
indicates there are 133,502 parcels with septic systems. The distribution of septic systems across 
the basin as determined by the model is shown in Figure 4-8a. Areas not included are WWTP-
serviced areas (assumed to have no septic systems) and First Nations Reserves (no data coverage). 
The highest density of septic systems per square kilometer is seen in Cedar watershed. Other areas 
of high septic system density occur in non-WWTP serviced areas that are close to large urban 
centers. There is also a high density of septic systems along the Lake Erie shoreline in the eastern 
area of the Big watershed and in the Cedar watershed.  
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Figure 4-8: Septic system density per square kilometer for the Ontario Lake Erie Basin 
considering (a) all septic systems, and (b) septic systems within 125 m setback distance. The 
major watersheds of the Ontario Lake Erie Basin are indicated. 
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The surficial geology varies across the Ontario Lake Erie Basin, and as such septic systems are 
installed in a range of surficial sediment conditions (Figure 4-9). The impact of the surficial 
sediment type on the transport of P from septic systems to tributaries is not well quantified although 
prior studies suggest that septic system failure rates may be higher in areas with low permeability 
(clay, silt) sediment. This is due to suboptimal site conditions leading to reduced infiltration of 
septic effluent into the subsurface around the septic tile beds (Karathanasis et al., 2006; Mallin, 
2013; Withers et al., 2014). It is important to note that the methods used for calculating the septic-
derived P loads are based on field results obtained in sand-gravel areas (e.g., Robertson et al., 1998, 
2016, 2019). For instance, the ACE-standardized and 125 m setback methods used to refine the 
septic-derived P loads were derived from field data obtained in Florence, Bothwell, and Strathroy 
where sand-gravel is the dominant surficial sediment type (Chapter 3). However, regardless of the 
surficial sediment type, the maximum septic-derived P loads calculated represent the absolute 
maximum amount of P that may be attributed to septic systems for each watershed.  
 
Figure 4-9: Percentage of septic systems in the Ontario Lake Erie Basin located in areas 
with different surficial geology. Surficial geology data was obtained from OGS (2003). 
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4.3.2.2 P Loading Results  
4.3.2.2.1 Basin-Wide Results 
Based on the number of septic systems in the Ontario Lake Erie Basin, it is estimated that the 
maximum P load that may be derived from septic systems with no attenuation applied is 281 
MT/yr. This represents 21% of the total P load to Lake Erie from Ontario (1359 MT/yr) and 29% 
of the monitored Canadian tributary load (980 MT/yr) (Maccoux et al., 2016). Comparatively, 
municipal and industrial point sources only account for 5% of the Canadian total P load and less 
than 7% of monitored tributary load. It is also important to note that the Canadian total P loads 
accounts for less than 15% of the entire Lake Erie Basin load (9125 MT/yr). Thus, the potential 
loading of septic systems in the Ontario Lake Erie Basin to the total Lake Erie Basin load is around 
3% (Maccoux et al., 2016).  
 Sensitivity analysis of the input parameters was conducted. Due to the linear nature of the P load 
calculation, any change in an input parameter results in an equal change in the load estimate. For 
instance, a 24% increase in the water loading per person from 221.8 l/day to 275 l/day (Paterson 
et al., 2006), results in a 24% increase in the P load estimate. Taking this one step farther, the effect 
of average household population on the resulting load was analyzed, and an increase by 0.1 people 
in the household population results in a 6% change in the P load estimated.  
As described above, this maximum value considers instantaneous delivery of P from septic systems 
to tributaries and no attenuation of P. Considering the findings shown in Chapter 3 regarding the 
percentage of septic effluent that actually reaches the tributary, more realistic estimates of septic-
derived P loads using the ACE-standardized and 125 m setback calculation methods are 68 MT/yr 
and 70 MT/yr, respectively. The septic-derived P load is further reduced if a P attenuation factor 
of 73% is considered (18 MT/yr and 19 MT/yr using ACE-standardized and 125 m setback 
approaches). Considering these values, septic systems may account for only ~1.4% of the P load 
from Ontario to Lake Erie. The large difference between the maximum P load estimation with no 
attenuation (21%) and refined P load estimation considering ACE-standardization or 125m setback 
with 73% attenuation (1.4%) highlights the need to better quantify at the subwatershed scale the 
contribution of septic systems to P tributary loads using appropriate tracers for septic effluent and 
improved understanding of P attenuation mechanisms.  
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Consistent with the transient model results for the three test subwatersheds (Figure 4-7), the 
transient model when applied across the Ontario Lake Erie Basin highlights the long-term legacy 
issue associated with septic systems (Figure 4-10). Due to the slow transport of septic-derived P 
in the subsurface, P loads from septic systems are expected to continue to increase as P plumes 
from septic systems with larger setback distances reach the adjacent tributary. Again, it is 
important to note that assumptions used in the transient model, specifically the 1 and 2 m/yr 
transport rates, are based on field data obtained in areas with high permeability (sand/gravel) 
surficial geology.  
 
Figure 4-10: P loading from septic systems over time assuming P is transported between a 
septic system and tributary at a transport rate of 1 m/yr (dashed) and 2 m/yr (solid) and 
there is no attenuation of P in the subsurface 
The highest maximum septic-derived P loads at the watershed scale were calculated for the Upper 
Grand and Big watersheds (68.8 and 60.9 MT/yr respectively, Table B-8; Figure 4-11a). On an 
areal loading basis, the highest septic-derived P areal loads occur in Cedar (0.022 MT/yr.km2), 
followed by Big (0.015 MT/yr.km2) and Rondeau (0.014 MT/yr.km2) watersheds. The maximum 
septic-derived P loads are highest for The Upper Grand and Big watersheds due to high number of 
septic systems (30,137 and 28,395, respectively) combined with some areas of higher than average 
household population (> 2.6 people/household). The high areal loading in Cedar is due to high 
septic system density across the subwatershed. When the septic-derived P loads are refined by 
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assuming that only septic systems with setback distances less than 125 m contribute septic effluent 
to the tributary (Figure 4-12b), Upper Grand, Big, and Cedar have the highest septic-derived P 
loads (16.8, 10.6, and 11.3 MT/yr, respectively, considering no P attenuation). Although the Cedar 
watershed has almost half the total number of septic systems (17,965) as the Upper Grand and Big 
watersheds and has fewer areas with higher than average household size, a higher percentage of 
septic systems in the Cedar watershed are located within 125 m of a tributary (32% for Cedar 
compared to 19% and 24% for the Big and Upper Grand, respectively; Figure 4-8b).  
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Figure 4-11: Estimated septic-derived P loads considering (a) all septic systems, and (b) 
considering only septic systems with setback distance less than 125 m for the major 
watersheds of the Ontario Lake Erie Basin. Calculation assumes no attenuation of P 
between the septic systems and tributary. 
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Comparison of the maximum septic-derived P load estimates with total reported watershed P loads 
suggests that septic-derived P loads may represent a considerable percentage of the total P 
watershed load (e.g., up to 28% for the Grand and Big watersheds; Figure 4-12). However, when 
the P load estimates are refined to consider the percentage of septic effluent that reaches a tributary 
(ACE-standardized) and the P attenuation factor (73%), the contribution of septic systems to the 
total watershed loads is considerably reduced (e.g., 2% for Grand and Big watersheds, 
respectively). While the lower and more realistic septic-derived P estimates (i.e. considering P 
attenuation and amount of effluent that is reaching a tributary) indicate that septic systems are 
currently not a major contributor to the total P watershed loads, the maximum P load estimates 
combined with the transient model results suggest that septic systems may become an important 
contributor to the watershed P loads over time. It is important to note that the watershed P loads 
are taken from Scavia et al., (2014) for the Rondeau and Cedar watersheds, and from Maccoux et 
al., (2016) for all other watersheds. While the watershed P loads reported by Maccoux et al., (2016) 
are derived from field data, the watershed P values reported by Scavia et al., (2014) are net 
anthropogenic P inputs to the watershed considering fertilizers, atmospheric deposition, animal 
feed, and agricultural crop production. The P loads reported by Scavia et al. (2014) are 
considerably higher than those reported by Maccoux et al. (2016) but are used here for Rondeau 
and Cedar watersheds in the absence of field-measured watershed P loads. This difference, 
however, explains why the percentage contribution of septic systems to the watershed P loads is 
considerably smaller for Rondeau and Cedar watersheds compared to the other watersheds.  
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Figure 4-12: Percentage of total watershed and basin P loads that may be derived from 
septic system as calculated using maximum, ACE standardized and 125 m setback distance 
methods. The horizontal line indicates the septic-derived P loads considering 73% P 
attenuation. Total watershed/basin P load estimates are from 1-(Maccoux et al., 2016) and 
2-(Scavia et al., 2014). 
4.4 Conclusions  
In this Chapter a model was developed and applied to estimate contributions of P from septic 
systems to tributary loads for the Ontario Lake Erie Basin. The model first identifies the potential 
locations of septic systems in the Ontario Lake Erie Basin and based on these locations calculates 
total P loads from septic systems to tributaries with different assumptions used to provide a range 
of P load estimates. The model estimated contribution of septic systems to watershed P loads varies 
considerably between watersheds in the Ontario Lake Erie Basin depending on the number of 
septic systems, average population per household, and land use patterns (i.e. amount of urban 
versus agricultural land use). Findings indicate that septic systems could account for as much as 
21% of the total P loads from Ontario to Lake Erie if all septic systems are failing and there is no 
attenuation present. More realistic estimates that consider the fraction of septic effluent produced 
that actually reaches tributaries indicate that septic systems may only account for around 5% of 
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the total P loads from Ontario to Lake Erie, and even less (~1%) when attenuation of P between 
the septic systems and tributaries is considered. Additionally, Canadian inputs to the total P load 
in Lake Erie is small compared to the US (<15%), and as such septic systems in the Ontario Lake 
Erie Basin are an even smaller contributor to the total lake loading (<1%). Septic system failures 
and direct connections may lead to higher loadings than those predicted when attenuation is taken 
into account. However, failure and direct connection rates in Ontario are unknown. Additionally, 
transient model loading results indicate that P loads from septic systems are expected to increase 
over time as P plumes from septic systems with larger setback distances reach surface waters.  
The large difference in septic-derived P loads calculated considering the total septic effluent 
generated in a watershed and the various approaches used to refine the load P calculation, highlight 
the need for further research to better understand at the subwatershed scale the percentage of septic 
effluent that reaches the tributary, as well as the transport behavior of P as it moves from septic 
systems to the tributary. It also illustrates how high failure rates could make large differences in 
observed loadings. Current estimates are based on assumptions required to simplify the 
calculations but improved scientific understanding could be used to refine the method used to 
calculate septic-derived P loads to tributaries. Current findings of this model, along with future 
iterations of the model, provide important insight regarding the potential contribution of septic 
systems to tributary P loads and support the development of septic system management and 
maintenance programs to limit future increase in P loadings from septic systems.  
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Chapter 5  
5 Summary and Recommendations  
5.1 Summary  
Septic systems may be an important source of nutrients to tributaries in the Great Lakes Basin. 
However, the contribution of septic systems to tributary nutrient loads is poorly constrained due 
to complexity of the source (i.e., lack of adequate documentation of septic systems in Ontario), 
and complexity of P transport and reactivity in the environment. While a number of studies have 
evaluated nutrient transport down-gradient of individual well-functioning septic systems or 
clusters of septic systems (e.g., Geza et al., 2010; Karathanasis et al., 2006; Robertson et al., 2019; 
Roy et al., 2017; Wilhelm et al., 1994; Zanini et al., 1998; Zhu et al., 2015), the contribution of 
septic systems to tributary nutrient loads at the subwatershed scale remains unclear. In order to 
work towards addressing TP and SRP load reduction targets that have been set by the Canadian 
and US governments for Lake Erie (40% TP and SRP load reduction by 2025 (Ontario Ministry 
of the Environment and Climate Change, 2018)) there is a need to better quantify the contribution 
of septic systems to tributary nutrients loads. The overall objective of this thesis was to improve 
understanding of the contribution of septic systems to nutrient tributary loads with a focus on the 
Ontario Lake Erie Basin. The findings of the thesis are relevant to other areas worldwide where 
septic systems are used for on-site wastewater treatment. Three specific research objectives were 
addressed.  
The first objective was to quantify at the subwatershed scale how much effluent from septic 
systems actually reaches the tributary. The artificial sweetener acesulfame (ACE), a tracer for 
human wastewater, was used to quantify the amount of septic effluent that reaches the outlets for 
three subwatersheds. Stream sampling was conducted over an eight-month period in three serviced 
subwatersheds in the Ontario Lake Erie Basin that are not serviced by WWTPs (Florence, 
Bothwell, and Strathroy). Stream samples were analyzed for total P (TP), nitrate (NO3-N), and 
ACE. ACE stream loads indicated that for the three study subwatersheds on average 5 – 24% of 
the total septic effluent generated reaches the subwatershed outlets. Assuming that a septic system 
contributes either none or all of its ACE load to the tributary, it was calculated that septic systems 
within 125 m of the tributary deliver effluent to the tributary in Florence and Bothwell, and only 
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septic systems within 60 m of a tributary deliver effluent to the tributary in Strathroy. Variability 
in the percentage of septic effluent that reaches the tributaries between the study subwatersheds is 
thought to be due to different soil drainage conditions as well as the spatial distribution of septic 
systems across the watershed. ACE stream loads were found to be higher during event flow 
conditions compared with baseflow conditions suggesting that pathways other than groundwater 
may be important for delivering septic effluent to tributaries. For instance, it is possible septic 
effluent from failing septic systems may be delivered to the streams via surface pathways during 
event flow conditions leading to the higher observed ACE stream loads.  
The second objective was to estimate the contribution of septic systems to tributary nutrient loads 
at the subwatershed scale. While many studies have suggested septic systems may be an important 
source of nutrients to tributaries in areas not serviced by a WWTP, the contribution of septic 
systems to total tributary loads is poorly constrained. Based on the percentage of septic effluent 
calculated to be reaching the outlets for the three study subwatershed (i.e. estimated from ACE 
stream loads), it was calculated that septic systems may account for up to 16% of total 
subwatershed P loads but represent a small percentage (~2%) of NO3-N loads. Septic systems were 
estimated to account for the largest percentage of the total subwatershed P loads in the 
subwatershed with the largest urban area (Bothwell). This is likely due to the higher density of 
septic systems associated with the urban area combined with lower inputs of nutrients from 
agricultural activities.  
The third objective was to develop and apply a geospatial model to estimate P loads from septic 
systems to tributaries across the Ontario Lake Erie Basin. This model has two components: (i) 
model for automated spatial placement of septic systems, and (ii) model for estimating P loads 
from septic systems to tributaries. The potential contribution of septic systems to watershed P loads 
was found to vary considerably between watersheds in the Ontario Lake Erie Basin. Differences 
between watersheds are attributed to the number of septic systems in the watershed, average 
population per household, and the average setback distance (i.e. distance between a septic system 
and closest tributary). Considering the percentage of septic effluent that reaches the tributary and 
P attenuation processes that decrease P delivery from a septic system to the tributary, the model 
estimated that septic systems may currently account for only 1 – 5% of total P loads to Lake Erie. 
However, transient model results suggest that septic systems could account for as much as 21% of 
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the total P loads in the future (considers maximum potential load with no attenuation) as P plumes 
from septic systems with larger setback distances reach surface waters and the soil’s P saturation 
potential is exceeded. The large range in the estimated septic-derived P loads to tributaries when 
different assumptions were applied for the P load calculation highlights the need for further 
investigations at the local and subwatershed scale to better quantify the delivery of P from septic 
systems to tributaries. 
5.2 Recommendations  
Chapter 3 evaluated septic system effluent contributions to the tributary in three study 
subwatersheds and identified potential factors leading to the observed spatial and temporal 
variability of these contributions. Recommendations for improving understanding of the delivery 
of septic effluent to tributaries are as follows:  
 Nutrient and ACE stream loads were evaluated over an eight-month field campaign. 
Additional stream sampling over a longer period would provide for more accurate 
quantification of annual nutrient and ACE stream loads and facilitate analysis of seasonal 
variations in septic effluent contributions to the tributary.  
 Field data analysis indicated that ACE stream loads were considerably higher during event 
flow conditions compared with baseflow conditions for all three subwatersheds. A number 
of factors were identified that may contribute to the higher ACE loads during event flows. 
Additional field work including high resolution stream sampling over event flow periods 
and sampling at stream locations within the subwatershed (i.e. in disconnected stream 
reaches) are needed to assess the relative importance of the various factors identified. 
Additionally, analysis of groundwater inputs during flow events is needed. This could be 
determined by using a groundwater tracer in combination with the ACE tracer data.  
 In analyzing the ACE and nutrient stream loads it was assumed that septic systems 
contribute effluent to the closest tributary. Application of a local groundwater model (if 
available) could improve the data analysis and minimize the uncertainty associated with 
this assumption.  
 The surficial sediment in all the study subwatersheds was predominately sand and gravel. 
Future fieldwork should focus on evaluating septic effluent inputs to tributaries in WWTP 
unserviced subwatersheds with different surficial geology, specifically lower permeability 
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sediments such as silts and clays. Field results show higher ACE stream loads during event 
flow conditions compared with baseflow conditions, which indicates the potential of septic 
effluent inputs from failing systems during event flows. Septic system failure rates are 
expected to be higher in areas with lower permeability (Karathanasis et al., 2006; Withers 
et al., 2014), and as such it is expected that ACE stream loads would be higher in these 
areas during event flow conditions.  
 Characterization of individual septic plumes using ACE has been done by Robertson et al., 
(2013) and Roy et al., (2017), however, these were not done for a septic systems in close 
proximity to a tributary. Detailed characterization of plumes from septic systems in close 
proximity to a tributary including sampling of the entire plume profile, from septic usage, 
wastewater loading rate, unsaturated zone attenuation, and groundwater travel to surface 
water would provide important information needed to improve assumptions made 
regarding P transport in septic plumes and the use of ACE for quantifying septic effluent 
to tributaries. While such it may be challenging to find suitable septic system sites, the field 
data would be invaluable in improving estimates of the contribution of septic systems to 
watershed nutrient loadings in the Great Lakes Basin and elsewhere.  
 To strengthen the analysis of the ACE stream loads, future work should investigate ACE 
human consumption through the subwatersheds via a household survey. Additionally, it is 
recommended that sampling for ACE be done through the stream networks to provide 
further insight into the transport of ACE in streams, as well as to identify areas in the 
subwatershed that contribute the highest amount of ACE to the tributaries.  
A geospatial model to estimate P loads from septic system throughout the Ontario Lake Erie Basin 
was developed and applied in Chapter 4. The model estimates provide valuable insight into the 
relative importance of septic systems to total tributary P loads. Application of recommendations 
for Chapter 3 would improve the assumptions used in the geospatial model and therefore could be 
used to refine the P load model estimates. Additional recommendations for refining the geospatial 
model are as follows:  
 Current assumptions used in the geospatial model are based on field data obtained for septic 
systems located in areas with sand- and gravel-rich calcareous sediments. To improve 
confidence in the P loads estimates, field data is needed to evaluate P attenuation and 
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transport down-gradient of septic systems located in areas with lower permeability 
sediments.  
 To account for the variation in the input parameters (i.e., input concentration of nutrient, 
per person water usage, and the average household population), a probabilistic model that 
considers the distribution and associated uncertainty of these measures is suggested. A 
Bayesian approach would be a valuable next step in the model development. It would 
provide the associated likelihood of the loads calculated, providing extra support of the 
results.     
 The automated septic system placement model was developed to identify residential land 
parcels with septic systems, as this information is currently not available in Ontario. 
Implementation of a basin-wide survey of septic system status for households across the 
Lake Erie Basin would provide valuable data and lead to more accurate quantification of P 
loads from septic systems to tributaries. This survey would have to be separate from the 
census survey so that it is optional and so as to not infringe on people’s rights thus allowing 
for public use of the data. Questions asked should include: does the household have a septic 
system, age of current system, potential installation date of original system, maintenance 
practices, and household size. While households with poorly maintained septic systems 
may not respond, the information gathered through such a survey would improve the model 
by providing important information regarding septic system locations, installation date, 
wastewater loading rates, and potential for failing status.  
 The current septic system placement methodology is based on datasets that may not be 
continuously updated or do not fully cover the basin (i.e. no data for aboriginal lands). To 
account for this, the automated septic system placement methodology should be further 
refined as new data becomes available. Remote sensing was examined as a potential avenue 
for identification of parcels that may have septic systems; however, this proved inaccurate 
and highly dependent on input image resolution. As new data is released it is recommended 
that the current placement methodology is updated to more accurately identify residential 
properties with septic systems.  
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Appendices 
Appendix A: Field Data Analysis Supplementary Material (Ch 3) 
 
Figure A-1: Spatial distribution of tile drain coverage (shown in green) for the study 
subwatersheds with surficial sediment type underlain. 
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Figure A-2: Comparison of ACE stream load between spring and summer sampling. The 
annual average ACE loads are indicated with dashed line. The maximum load observed at 
the Bothwell outlet on 14 April 2018 (2.67 kg/yr, 397 equivalent septic systems) is not 
shown at this scale. Sample size of winter was insufficient for calculating averages (n≤3). 
 
Figure A-3: Correlation between flow and ACE load equivalent septic systems for study 
subwatersheds. 
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Figure A-4: Relationship between SAC stream load as equivalent contributing septic 
systems and stream flow for study subwatersheds (a) Florence, (b) Bothwell, and (c) 
Strathroy. Open circles and closed circles are used to indicate that the data was collected 
during baseflow and event flow conditions, respectively. 
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Figure A-5: Comparison of SAC and ACE streams loads presented as equivalent 
contributing septic systems for each sampling date, baseflow (open circles) and event flow 
(closed circles) for (a) Florence, (b) Bothwell and (c) Strathroy. 
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Figure A-6: Florence (c) SAC concentration and load, (d) TP concentration and load, and 
(e) NO3-N concentration and load. Open circles and closed circles are used to indicate that 
the data was collected during baseflow and event flow conditions, respectively. Bars 
indicate the percent of total subwatershed load that is septic-derived. 
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Figure A-7: Bothwell (c) SAC concentration and load, (d) TP concentration and load, and 
(e) NO3-N concentration and load. Open circles and closed circles are used to indicate that 
the data was collected during baseflow and event flow conditions, respectively. Bars 
indicate the percent of total subwatershed load that is septic-derived. 
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Figure A-8: Strathroy (c) SAC concentration and load, (d) TP concentration and load, and 
(e) NO3-N concentration and load. Open circles and closed circles are used to indicate that 
the data was collected during baseflow and event flow conditions, respectively. Bars 
indicate the percent of total subwatershed load that is septic-derived. 
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Figure A-9: SAC loads at subwatershed outlets presented as mass loading (left) and 
equivalent septic systems (right) for all, base, and event flow conditions for (a) Florence, (b) 
Bothwell and (c) Strathroy. Outliers for Florence-Total and Florence-Event (15 May, 0.92 
kg/yr, 274 equivalent septic systems and 27 June, 1.96 kg/yr, 583 equivalent septic systems) 
not shown at this scale. 
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Figure A-10: TP loads at subwatershed outlets presented as mass loading for all, base, and 
event flow conditions for (a) Florence, (b) Bothwell and (c) Strathroy. Outliers for 
Florence-Total and Florence-Event (22 August, 5867 kg/yr) not shown at this scale. 
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Figure A-11: NO3-N loads at subwatershed outlets presented as mass loading for all, base, 
and event flow conditions for (a) Florence, (b) Bothwell and (c) Strathroy.
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Appendix B: Supplementary Material for Geospatial Model Implementation (Ch 4) 
Section B.1: Subwatershed selection and GIS data information  
Table B-1: Selection criteria used to select the three test subwatersheds in the Ontario Lake Erie Basin. The selected test 
subwatersheds are in dark blue.  
Watershed 
Florence/ 
Bothwell 
Bothwell Strathroy Putnam Mount Salem Zorra 
Buttery 
Estates 
Strathmere 
Lodge 
Putnam 
Woodstock 
area 
Coldstream 
Location 
Lampton 
and 
Florence 
West of 
Bothwell 
Saxton and 
Scotchmere 
Reynolds Creek 
(north) 
Main street 
area 
Kintore Strathroy Strathroy Reynolds Creek 
(south) 
Sweaburg Northeast of 
Strathroy 
Size (km2) 75.96 14.23 23.6 16.87 3.64 21.43 145.32 5.84 166.16 8.54 64.47 
Primary 
Sediment 
sand sand sand sand sand Diamicton Diamicton silt Diamicton Diamicton diamicton 
Secondary 
Sediment 
silt n/a silt diamicton/ 
precmabrian 
bedrock 
diamicton/ 
precmabrian 
bedrock 
sand Silt/Sand sand/ 
diamicton  
sand sand sand/silt 
GW complexity 
(L-M-H) 
low low low medium/high low medium medium low medium/ high medium medium 
Septic Estimate 50-350 50-150 50-100 40-70 100-150 50-60 60-200 100-150 lots none 150-300 
Stream Order 
High, 
Sydenham 
River 
Med Med Med-High Med, off of 
Silver Creek 
Med-Low High Med-High Med-Low off 
Reynolds Creek 
High, drain High, 
Sydenham 
River 
Potential 
WWTP (Y-N, 
Low-high) 
N N N, low Y, medium N Y, low Y, low Y Y, medium Y (recently 
sewaged) 
Y, low/medium 
Data 
availability 
low low medium low low low medium medium low/medium High Medium 
Riparian 
(vegetation 
around 
streams) 
100+m zone 
along river 
and creek, 
breaks up 
around 
Shetland Rd 
Very little, 
sparse if 
there 
Sparse and 
variable. 
Mostly 
without. 
Dense between 
5 Points Rd and 
Thomas Rd. 
otherwise 
sparse to 
negligible 
50-100m, thins 
out towards 
main street 
None in town, to 
the NE 50-500m 
sparse. 
Discontinuous 
Dense in 
places 
(=>500m) in 
the west 
Not dense to 
the south, 
very little to 
none 
Sparse and 
discontinuous, 
agricultural land 
Very little, 
some around 
pond 
southwest 
side, 150m 
pond. 
High near 
coldstream, 
around 100-
300m. Sparser 
to the east 
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Figure B-2: Locations of potential test subwatersheds in the Ontario Lake Erie Basin of Canada as outlined in Table B-1. Areas 
covered by centralized WWTPs is shown in addition to the surficial geology.  
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Table B-2: Data layers used with sources and information. 
Name Data source Date Information Use 
Southwestern 
Ontario 
Orthophotography 
Project (SWOOP) 
Ontario Ministry of 
Natural Resources 
(MNRF) 
2005-2015 Orthophotography Septic manual placement  
Watersheds 
(secondary, tertiary, 
quaternary)  
MNRF  2002-2010  Model area (Lake Erie Basin and 
watersheds).  
Ontario Flow 
Assessment Tool 
(OFAT) watershed 
delineations  
MNRF 2013 OFAT creates watersheds, calculates 
watershed characteristics, executes 
hydrology models and reports water 
flow statistics. 
Study subwatershed delineation 
Roads  
Stats Can 2017  Used to remove areas that would not have 
septic systems. 
Railways ORWN 
Track 
MNRF 2012  Used to remove areas that would not have 
septic systems. 
Surficial Geology 
OGS 2003 Undersoil sediment composition. Used to determine the subwatershed 
sediment type. 
Ontario Hydrology 
network - 
Waterbody 
MNRF 2013 Surface water information (e.g., 
lakes, rivers, streams, barriers and 
obstacles) at a medium scale of 
1:10,000 in southern Ontario 
Used to calculate distance of septic 
systems to surface waters.  
Wastewater 
treatment plant 
coverage 
MNRF 2016 Compilation of service coverage 
areas in the Southern Ontario. 
Used to remove areas that would not have 
septic systems.  
Land Parcels 
Teranet POLARIS 2008-2014 Lot delineation of parcels in chosen 
subwatersheds 
Used to delineate properties. 
Building as symbol 
MNRF Jan 1, 1977 - Nov 11, 2011 Identifies locations of buildings in 
Ontario 
Used to aid in the placement of septic 
systems.  
Wells 
WWIS 1899-present Core logs with well data. Tested, not used in final placement. 
method. 
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SOLRIS 
MNRF 1999-2002, 2009-2011 
*data updated as deemed 
necessary (new update 
potentially coming soon) 
Land cover. TIF format Used classification 203 for automated 
model.  
AGRI-Farmsteads 
OMAFRA Varies For Essex. Delineates land cover use 
for agricultural areas and built up 
areas. 
Used to compare with MNR septic system 
placement in Essex. Tested, not used in 
final automated placement model. 
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Section B.2: Septic system placement methodology testing and results 
Table B-3: Results for select automated septic system placement methodologies in test subwatersheds. 
 
 
 
Datasets Florence-Bothwell Strathroy 
 
Total Number 
of Septic 
Systems 
Correctly Placed 
Septic Systems 
% Estimation 
%Correctly 
Identified 
Total Number 
of Septic 
Systems 
Correctly Placed 
Septic Systems 
% Estimation 
% Correctly 
Identified 
Manual method 570    122    
Building as symbol 565 451 99 79 104 94 85 77 
Buildings, SOLRIS 203 748 533 131 94 104 101 85 83 
Buildings, Farmsteads, 
SOLRIS 203 
750 549 132 96 128 108 105 89 
SOLRIS 202-203, 
Farmsteads, Buildings 
773 549 136 96 128 108 105 89 
Wells, Buildings, SOLRIS 
203  
754 538 132 94 132 112 108 92 
Buildings, Farmsteads  582 462 102 81 111 101 91 83 
SOLRIS 202-203 536 375 94 66 12 12 10 10 
SOLRIS 202-203, 
Farmsteads  
773 497 136 87 116 61 95 50 
SOLRIS 202-203, 
Buildings 
758 533 133 94 109 101 89 83 
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Figure B-2: Results of best three automated placement methodologies for the three subwatersheds compared to the results using 
the manual method to locate parcels with septic systems. Data layers used in analysis include Building as Symbol (MNRF, 2013), 
SOLRIS 202 and 203 (MNRF, 2011), and Farmsteads (OMAFRA, 2017). 
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Figure B-3: Randomly selected areas across the Lake Erie Basin used to validate automated 
placement methodology.  
131 
 
 
Figure B-4: Results of best three automated placement methodologies for four randomly selected areas across the Lake Erie Basin 
(Figure B-3) compared to the results using the manual approach to locate parcels with septic systems. Data layers used in analysis 
include Building as Symbol (MNRF, 2013), SOLRIS 202 and 203 (MNRF, 2011), and Farmsteads (OMAFRA, 2017). 
0
100
200
300
400
500
600
Manual
Placement
SOLRIS 203,
Buildings
SOLRIS 203,
Buildings,
Farmsteads
SOLRIS 202,
203,
Buildings,
Farmsteads
Manual
Placement
SOLRIS 203,
Buildings
SOLRIS 203,
Buildings,
Farmsteads
SOLRIS 202,
203,
Buildings,
Farmsteads
Manual
Placement
SOLRIS 203,
Buildings
SOLRIS 203,
Buildings,
Farmsteads
SOLRIS 202,
203,
Buildings,
Farmsteads
Manual
Placement
SOLRIS 203,
Buildings
SOLRIS 203,
Buildings,
Farmsteads
SOLRIS 202,
203,
Buildings,
Farmsteads
Port Maitland Otterville Drumbo Port Lambton
# 
o
f 
Se
p
ti
c 
Sy
st
em
s
Placement Methodology
Correctly Placed Incorrectly Placed
132 
 
 
 
Figure B-5: Attained land-use bylaws coverage in the Lake Erie Basin with residential areas highlighted in yellow. 
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Figure B-6: Results of best three automated placement methodologies for areas with landuse bylaw coverage in the Lake Erie 
Basin (Figure B-5). Incorrectly placed is not indicated due to sparse coverage of residential bylaws (i.e., does not cover agricultural 
residences or some rural urban areas). Data layers used in analysis include Building as Symbol (MNRF, 2013), SOLRIS 202 and 203 
(MNRF, 2011), and Farmsteads (OMAFRA, 2017). 
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Underestimation of the total septic systems numbers occurred in one of the four randomly 
selected areas in the Lake Erie Basin (Port Maitland: 83% estimation), with the other three areas 
having small marginal overestimation (≤ 116%) compared to the three test subwatersheds (136 
and 138% estimation for Florence and Bothwell, respectively). However, with this 
underestimation and smaller overestimation, the percent correct was smaller for these areas 
compared to the test subwatershed. When taking the residential bylaws into account, correct 
placement percentage between different areas ranges (60 – 84%) (assuming the residential 
bylaws are 100% correctly placed, which is not seen when comparing to the manual placement 
for the test subwatersheds Table B-5 (83% correctly placed)). It was assumed that minor over 
and underestimations will average out when taking the entire Basin into account.  
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Table B-5: Comparison of manual septic system placement with selected automated placement method. Additional comparison 
with residential land-use bylaws to distinguish accuracy in urban areas compared to agricultural and overall.  
 Florence Bothwell Strathroy 
 
Number of 
septics 
(Correctly 
placed) 
% 
Estimation  
% Correctly 
Placed 
Number of 
septics 
(Correctly 
placed) 
% Estimation  % Correctly 
Placed 
Number of 
septics 
(Correctly 
placed) 
% Estimation  % Correctly 
Placed 
Urban  
Manual  133  268  
n/a 
SOL203, 
Buildings  
156  
(125) 
117 94 
341  
(260) 
127 97 
Residential 
Land-use 
bylaws  
132  
(110) 
99 83 
302  
(253) 
113 94 
Agricultural 
Manual  139  30  122  
SOL203, 
Buildings 
165  
(114) 
119 82 
41  
(23) 
137 77 
104 
(101) 
85 83 
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Section B.3: Additional P Loading Model Results  
 
Figure B-9: Septic-derived P load using septic systems manually placed across the Florence 
(blue), Bothwell (orange), and Strathroy (orange) subwatersheds assuming P transport rate 
of 1 m/yr (dashed line) and 2 m/yr (solid line) between each septic system and adjacent 
tributary. It was assumed all septic systems were installed, and therefore P transport 
started in 1940. Note that no septic-derived P reaches the stream until after 1947 due to the 
minimum required setback distance of 15 m. 
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Table B-7: Annual P loadings calculated using steady state model with manual septic system 
placements compared to total subwatershed P loads. Model results considering 73% P 
attenuation factor are provided in parenthesis.  
Loading Metric Applied Manual Septic System Placement   
 
Florence  Bothwell  Strathroy 
Number of Septic Systems 272 298 122 
Number of Septic Systems with 
Setback Distance < 125 m 
65 46 21 
Field Subwatershed Loads (kg/yr TP) 
Total Field P Load  1638 288 379 
Steady State Loads (kg/yr TP) 
MaxP load  573 (155) 628 (170) 257 (69) 
ACE Standardized (24% input of 
MaxP)  
138 (37) 151 (41) 62 (17) 
125m Setback Distance  137 (37) 97 (26) 44 (12) 
Transient Loads (1m/yr – 2m/yr) (kg/yr TP) 
MaxP load for year 2020 67-185  
(18-50) 
57-103 
(15-28) 
38-86 
(10-23) 
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Figure B-10: Average household population for septic systems placed using automated 
placement model for Ontario Lake Erie Basin. 
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Table B-8: P loads from septic systems to tributaries for watersheds in Ontario Lake Erie Basin calculated considering (i) Maximum 
P load, (ii) ACE standardized loading, and (iii) only septic systems within 125m setback load. P loads from septic systems 
considering 73% P attenuation are shown in parenthesis. The total number of septic systems and septic systems within 125m 
setback distance are also indicated.  
(MT/yr) 
Total Estimated 
Watershed Loads  
[1](Maccoux et al., 
2016) 
[2] (Scavia et al., 2014) 
Max P Load ACE P Load 125m P Load 
Total Number of 
Septic Systems 
Number of Septic 
Systems with Setback 
Distance < 125 m 
Lower Grand 
340 [1] 
24.8 (6.7) 6.2 (1.7) 5.7 (1.5) 11252 2664 
Upper Grand 68.8 (18.6) 17.2 (4.6) 16.8 (4.5) 30137 7302 
Lower Thames 
323 [1] 
25.3 (6.8) 6.3 (1.7) 7.7 (2.1) 12247 3919 
Upper Thames 27.5 (7.4) 6.9 (1.9) 6.4 (1.7) 12384 2943 
Big 214 [1] 60.9 (16.4) 15.2 (4.1) 10.6 (2.9) 28395 5412 
Sydenham 143 [1] 25.6 (6.9) 6.4 (1.7)  7.4 (2.0) 12434 3686 
Rondeau 459 [2] 10.8 (2.9) 2.7 (0.7) 2.7 (0.7) 4927 1401 
Cedar 2027 [2] 37.4 (10.1) 9.3 (2.5) 11.3 (3.1) 17065 5431 
Lake Erie Basin  
1359 [1] 
281.0 (75.9) 112.4 (30.3) 68.6 (18.5) 133502 32758 
21061.5 [2] 
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Appendix C: Placement and Load Calculation Methodology 
within ArcGIS  
1. Placement methodology:  
• Begin with property parcel layers (Teranet 2014) 
• Remove sewage coverage from parcel layer (MNRF 2016) 
• Remove roads (Stats Can 2017) and railways (MNRF 2012).  
• Remove waterways/waterbodies (MNRF 2011) with a 15m buffer as per building 
code for septic system placement (Figure below) 
• Remove within 3m of parcel lines as per building code for septic system 
placement (Figure below) 
• Select remaining property parcels preferentially for: 
• SOLRIS classification 203: built-up impervious (MNRF 2011) 
• Building as symbol (MNRF 2013) 
• Once selected, create new layer from these parcels. Input layer into random point 
generator to create septic system location within remain parcel area. One point per 
parcel, i.e., one septic system per household.  
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Figure C-1: Building regulations for the location of a septic system on a property 
(Government of Ontario, 2018).  
2. Loading Model  
 Calculate Near distance to waterways using septic system locations  
 Join by location septic system layer to: 
o watershed layer 
o census data layer 
o surficial geology layer 
o any data layer desired  
 Then use Field Calculator within the Attributes table to calculate specific 
loadings. For example:  
o To calculate maximum P loads: multiply the number of people per 
household (via census data), with 0.81 kg/yr P.  
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o If you want to only consider septics with a surficial geology of 
sand/gravel. Select for these through the block code using an IF/Then 
statement to calculate loads.  
 This can be used to various factors including setback distance, 
watershed, municipality, major tributary, and surficial geology. 
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